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Preface 

 

This thesis presents the results of my Ph.D. studies conducted from October 2014 to 

April 2018, registered at the Department of Geography, Loughborough University.  

The research studentship was funded by the Natural Environment Research Council 

(NERC), as part of the Central England NERC Training Alliance (CENTA) doctoral 

training partnership [grant number NE/L002493/1].  

The thesis consists of a contextual introduction, four individual study chapters and a 

thesis synthesis, drawing together each individual study to provide the overall findings 

and implications. The structure of my thesis has taken this individual study approach 

because the research aims and objectives have successfully divided into these four 

distinctive chapters, providing a fresh assessment of the different aspects of nutrient 

and climate change on the lake system in the past, present and future. I believe the 

distinguishing features of each chapter, although individualistic, have a strong thread 

that tie them together as a whole, this evident through the cross-citation throughout, 

as well as the discussion provided in the thesis synthesis chapter.  

Furthermore, with the individual study chapters being able to stand alone, they have 

offered the opportunity to be prepared for publication in peer-reviewed scientific 

journals. All four studies have been prepared for publication in an altered structure as 

is presented in this thesis, with those presented here being the pre-submission 

manuscripts with small changes made to each to fit the thesis style and flow. Below is 

the citation information for each manuscript. All writing and data analysis for each 

study has been completed by myself with published article contributors providing 

comment and direction only.   

Study 1 - RADBOURNE, A. D., RYVES, D. B., ANDERSON, N. J. & SCOTT, D. R. 

2017. The historical dependency of organic carbon burial efficiency. 

Limnology and Oceanography, 62, 1480 - 1497. 

Study 2 – RADBOURNE, A. D., RYVES, D. B., MADWICK, G. & ANDERSON, N. J. 

In progress (intended journal: Freshwater Biology). Nutrients and climate drive 

reduced nutrient load trajectories and ecological change in a deep stratifying 

eutrophic lake.  
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Study 3 – RADBOURNE, A. D., RYVES, D. B. & ANDERSON, N. J. In progress 

(intended journal: Journal of Ecology). Climate perturbations modulate 

planktonic diatom communities and phenology in a reduced nutrient load deep 

lake.  

Study 4 – RADBOURNE, A. D., ELLIOTT, J. A., MABERLY, S. C., RYVES, D. B. & 

ANDERSON, N. J. In review (Freshwater Biology). The impacts of changing 

nutrient load and climate on a deep, eutrophic, monomictic lake.  

All the data from this reasearch has also been made available via the Environmental 

Information Data Centre (EIDC). The data has been published in four sections relating 

to the four studies outlined above and are available at: 

Study 1 – Organic carbon burial calculation using sediment trap and sediment core 

records from Rostherne Mere, Cheshire, UK (1360-2016). DOI: 

10.5285/8616c1a0-6c6d-441c-9b10-8464dc4ee346 

Study 2 – Lake and catchment nutrient, ecology and hydrology monitoring of 

Roshterne Mere, Cheshire, UK (2016-2017). DOI: 10.5285/5c6b2bcb-6b10-

4c57-a595-ce94a655e709 

Study 3 – Sediment trap diatom assemblages from Rostherne Mere, Cheshire, UK 

(2004-2017). DOI: 10.5285/16f52064-a19d-4cf5-a388-aff04a592179 

Study 4 – Potential future scenarios of nutrient and climate chanfe using the model 

PROTECH at Rostherne Mere, Cheshire, UK (2016-2100). DOI: 

10.5285/2f0eae1c-1512-4823-9cbe-cb54f05ee996 

Alan Daniel Radbourne 

Loughborough, April 2018 
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1. Introduction 

1.1. Background to study 

Despite covering only a small portion of the earth’s land surface (~3.7%; Verpoorter et 

al., 2014), lakes have a key role in earth surface processes. Located at the key 

interface of terrestrial nutrient exchange (Carpenter, 2005, Smith et al., 2006), they 

are sites of great physical, hydrological, chemical and ecological diversity (Wetzel, 

2001). Due their capacity to respond rapidly to external change and their position 

within the landscape, lakes are recognised as (i) integrators of past change through 

the archival burial of environmental and ecological proxies into their profundal 

sediment; (ii) regulators of current change through the rapid limnological and 

ecosystem adjustment; and (iii) sentinels of future change from both climatological and 

anthropogenic impacts (Williamson et al., 2009b). Therefore, the study of lake systems 

provides an opportunity for the assessment of the past, present and future of the 

natural environment.  

Lake eutrophication and management recovery 

Wetzel (2001) provides a popular definition of eutrophication, being; aquatic systems 

that are enriched with nutrients and dominated by primary production. In many 

freshwater systems nutrient loading has caused significant change in ecosystem 

functioning (Sas, 1989), with many lowland freshwater catchments becoming 

eutrophic through the influence of anthropogenic nutrient enrichment, from activities 

such as agriculture, industry and waste water disposal (Jeppesen et al., 2005, Smith 

et al., 2006, Anderson et al., 2014). Biodiversity loss, ecological change and water 

treatment difficulties are some of the considerable environmental problems associated 

with eutrophication (Smith et al., 1999, Pretty et al., 2003), resulting in the legislative 

requirement within Europe for the ecological restoration of inland waters under the 

European Union Water Framework Directive (WFD, 2014), making the alleviation of 

eutrophication not only an important environmental requirement, yet also potentially 

politically sensitive and a costly process (Pretty et al., 2003).  

As a result, many lakes have undergone catchment-scale management intervention 

to limit nutrient load and reduce lake nutrient concentrations (Schindler, 2006, 

Zamparas and Zacharias, 2014). The approach for restoring lakes has long rested on 
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the simple paradigm that a reduction of nutrient loading will, to an extent, create a 

solution to the problem of eutrophication (Moss et al., 2005, Kalff, 2002). While such 

management interventions have improved ecological condition in some lakes 

(Jeppesen et al., 2005, Sondergaard et al., 2005), many deep stratifying lakes have 

only witnessed a slow recovery, with plankton and nutrient biogeochemistry affected 

by stratification cycles, often due to the internal loading of soluble reactive phosphorus 

(SRP) derived from historic SRP inputs stored within the upper sediment (Schindler, 

2006, Jarvie et al., 2013a). The process of internal legacy sediment loading, especially 

when in anoxic conditions, replenishes the water column with nutrients through the 

liberation of organic-bound compounds via the mineralisation of organic matter (OM), 

fuelling further primary production (Gale et al., 1992, Thomsen et al., 2004). A delayed 

recovery response following catchment intervention can cause great difficulties for the 

management practitioner, because intervention practices have often required a 

catchment wide approach to restricting some practices of agriculture and industry. 

Consequently, the importance of providing evidenced support for the intervention and 

ensuring continued management is enacted in the best way possible is significant both 

financially and practically. Thus, long-term (i.e. year to decadal) monitoring of nutrient 

change and ecological recovery is of great importance for informing the management 

debate of sustainable interventions and appropriate target setting, ensuring the 

expectation of recovery trajectory and timing meets the various political, financial and 

environmental demands.  

The role of lakes in the organic carbon cycle 

Conversely, it has recently been considered that while the negative effects of nutrient 

enrichment are considerable, with most ecosystem services being impaired with 

eutrophication (i.e. biodiversity, ecological resilience to drivers), the enhanced organic 

carbon (OC) sequestration as a function of increased lake productivity provides a 

positive aspect to the problem, with eutrophic lakes sequestering more OC now than 

at any other time in their history (Anderson et al., 2014). 

The rate at which carbon is mineralised increases as primary productivity increases 

(Thunell et al., 2000). Dissolved organic carbon (DOC) is a key parameter in lakes that 

can affect numerous features, including microbial metabolism, light climate, acidity, 

and primary production (Sobek et al., 2009). The classical Redfield et al. (1963) ratio 
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of C106 : N16 : P1 is a cornerstone of biogeochemistry (Sterner et al., 2008), and it is 

often assumed that the C:P ratio of the seston in lakes corresponds to this ideal 

number. However, research has shown this C:P ratio does deviate systematically from 

this value (Gachter and Bloesch, 1985, Hecky et al., 1993, Sterner et al., 2008). 

Seasonal variations of nutrient uptake and release will result in variations in the actual 

C:P ratio. For example, summer algal production is limited by P supply depletion, 

whereas in winter P is available in abundance, yet production is limited by light 

(Gachter and Bloesch, 1985). 

Lakes are increasingly recognised as extremely important sites for the transport, 

transformation and storage of considerable amounts of terrestrial carbon (Cole et al., 

2007). Of the OC that is being transferred down the water column to the bottom 

sediment of a lake, a portion will undergo intense mineralization emitting significant 

amounts of CO2 and potentially CH4 into the atmosphere (Fahrner et al., 2008) and 

the remainder will be buried, removing C from the active cycling pools over geological 

timescales (i.e. 103 – 105 years). Estimates of global C burial are between 0.02 to 0.07 

Pg C yr-1, with most lakes burying between 4.5 - 14 g C m-2 yr-1 (Tranvik et al., 2009), 

although such estimates have not been corrected for the effects of sediment focusing 

which will lead to over-estimation of C burial when up-scaled (by ~45%; Anderson et 

al., 2014).  

The lake OC burial efficiency debate has recently received considerable attention. 

Generalised as the ratio between OC burial and gross OC sedimentation (Sobek et 

al., 2009), the OC burial efficiency rate has rested on the paradigm that productivity 

(i.e. gross OC sedimentation) is generally assumed constant over time with an array 

of factors driving OC preservation within lakes. Some drivers of OC preservation are 

well established, such as the influence of anoxic hypolimnion control reducing the OC 

decomposition rate with a shorter oxygen exposure time (Laskov et al., 2002, Sobek 

et al., 2014). Other factors known to be important are still to be fully prescribed, for 

instance the influence of temperature on decomposition rates, especially when applied 

to future warmer climate scenarios (Sobek et al., 2009, Gudasz et al., 2010). Organic 

carbon source (i.e. structural type) is also recognised as a potential driver of OC burial 

efficiency, with autochthonous OC previously been regarded as labile compared to 

assumed typically refractory allochthonous (terrestrial) OC. The study conducted by 
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Sobek et al. (2009) found lakes dominated by allochthonous inputs had a mean burial 

efficiency of 66%, whereas lakes dominated by autochthonous sediment had a mean 

burial efficiency of only 22%, leading to the assumption that autochthonous sediments 

are more labile and as such lakes dominated by autochthonous primary production 

will have a lower burial efficiency. However, the importance of this terrestrial OC 

supply vs. in-lake primary production within a eutrophic system dominated by 

autochthonous production is still uncertain, as previous studies have tended to focus 

on comparisons between the lability of different sources. Other drivers, such as basin 

morphometry influencing the OC storage potential (Ferland et al., 2012), adjusting 

seston and DOC settling rates (von Wachenfeldt et al., 2008), and sorption onto 

mineral surfaces with increased potential for decomposition (Maerki et al., 2006), have 

all been shown to have some importance for OC burial efficiency, yet this has to date 

only been applied on an individual lake basis, rather than larger (regional or global) 

scale. 

While the factors driving OC preservation are of great importance in the OC burial 

efficiency debate, the traditional approach to lake OC primary production being at a 

steady state in all systems is outdated, as many culturally impacted lakes are in a non-

steady state (i.e. inputs of OC, whether terrestrial or aquatic, have changed over time), 

through increasing OC burial rates attributed to the onset of lake eutrophication driving 

increasing aquatic primary production of autochthonous, labile OC (Anderson et al., 

2014). Therefore, the changing state of such impacted lake systems (e.g. where 

production changes substantially on relatively short timescales of 100-101 yr), must 

play a major role in the fate of OC in the lake system, rather than simply dependent 

only on the drivers of OC preservation for quantification of burial rates.  

As has been previously mentioned, lake systems can be an effective sink of terrestrial 

(allochthonous) and autochthonous OC, burying OC in their bottom sediments over 

geological timescales (i.e. 103  - 105 years). The sequestration of autochthonous OC 

in lake sediments is a function of both production and decomposition, and recently, 

there has been considerable focus on quantifying burial efficiency to estimate the 

global role of lakes for removing OC from the active carbon cycling pools (Tranvik et 

al., 2009). Various approaches to calculating burial efficiency have been proposed 

(Alin and Johnson, 2007a, Sobek et al., 2014). While burial efficiency is the ratio 
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between OC burial and OC gross sedimentation, there is debate as to where in the 

process of OC production, transport and deposition the OC sedimentation and burial 

should be measured (Sobek et al., 2009).  

Sobek et al. (2014) calculates OC burial as the mean OC mass accumulation of 

sediments between 25 and 150 years in age, stating sediments <25 years in age are 

unsuitable due to continued diagenesis. However, for lakes that are becoming more 

or less eutrophic (e.g. undergoing oligotrophic recovery from recent cultural 

eutrophication) this method will result in a poor representation of the OC mass 

accumulation rate as it may use data that will predate the onset of eutrophication, or 

recovery from eutrophication (oligotrophication), leading to a potentially significant 

underestimation. Alternatively, Alin and Johnson (2007a) calculates the mean OC 

mass accumulation from sediments between 10-25 years in age. Arguably, this more 

recent range of sediment age, according to Sobek et al. (2014), will fall within the 

timeframe of continued diagenesis. Yet, other studies have shown diagenesis to slow 

from ~5 years, essentially stopping by ~10 years (Galman et al., 2008) providing 

support for the selection of the 10-25 year sediment age range. However, within a non-

steady state system undergoing oligotrophication (or indeed increasing 

eutrophication), this method is also shown to be inaccurate, as the timespan of 

sediments used to generate the OC burial value will predate the declining OC 

accumulation rates, resulting in an OC gain, not loss. This highlights the imprecise 

nature of this OC burial calculation method in systems undergoing change.  

Therefore previous methods for estimating OC burial efficiency may contain significant 

error when applied to lake systems with changing productivity due to the changing 

nature of lake trophic status. In fact this issue will not just impact a small number of 

lakes, it can be expected to influence many lakes that are experiencing changing 

productivity, whether through the influences of climate change affecting the production 

and inputs of OC into lakes (Sobek et al., 2009, Tranvik et al., 2009), eutrophication 

affecting nutrient recycling and productivity (Heathcote and Downing, 2012, Anderson 

et al., 2014), changes to hydrology through climate or human modifications affecting 

the lake water residence time and nutrient loading (Elliott and Defew, 2012, Cross et 

al., 2014), or oligotrophication through measures to reduce nutrient loading for 

ecological restoration of inland waters (Moss et al., 2005), particularly as the European 
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Water Framework Directive takes effect (Hering et al., 2010). Therefore, previous 

estimates of burial efficiency may contain substantial error, especially those that have 

been applied to global upscaling models. An improved method for estimating burial 

efficiency in non-steady state systems is therefore required for the application to 

modelled predictions of future change.   

Climate as a driver of lake change 

The environmental impact of climate change is increasingly becoming a priority for 

scientific research across the world, with future projections of UK annual average 

climatic warming of air temperatures rising by +1.4 ºC from 2020 to 2060 and +3.4 ºC 

from 2020 to 2100 (UKCP09 projections; Murphy et al., 2009), causing substantial 

effects on the entire environmental life cycle (i.e. ecosystem functioning, phenology) 

across the UK. Increasingly, climate change has been recognised as having a 

substantial impact on lake structure and function globally (Paerl and Huisman, 2008, 

Tranvik et al., 2009, Williamson et al., 2009b), with long-term incremental increase of 

air temperature being shown to influence lake thermal structure (Gauthier et al., 2014, 

Liu et al., 2014) and the timing of stratification (Meis et al., 2009, Izmest'eva et al., 

2016). Adjustments in the physical forcing of a lake can cause large changes in lake 

system functioning because much of the ecological organisation and nutrient cycling 

relies on the interconnected relationship to physical cycling and thermal oscillations, 

causing both progressive (Titze and Austin, 2014, Zhang et al., 2014) and sudden 

shifts (Graham and Vinebrooke, 2009, Austin and Allen, 2011) in the lake ecological 

system. Abrupt ecological regime shifts are increasingly being used to describe 

changes in the environment. Theory suggests these shifts can occur either following 

an abrupt environmental forcing (extrinsic regime shift) or as a response to local-scale 

thresholds being breached (intrinsic regime shift) (Seddon et al., 2014).     

Furthermore, climate change has been linked to the increasing frequency of 

climatological and meteorological extremes through the shorter-term impact of 

heatwaves, droughts and flooding, which in isolation can greatly affect the hydrological 

balance and ecological structure in many lake systems (Bakker and Hilt, 2016, Bertani 

et al., 2016, Wigdahl-Perry et al., 2016). Despite perturbations often being short lived, 

the projected increase in frequency and magnitude has the potential to cause 

substantial adjustments in a lake system, causing shifts in the planktonic ecological 
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organisation through altered hydrological, thermal, nutrient and chemical structure and 

availability (Hausmann and Pienitz, 2007, Meis et al., 2009, Kirilova et al., 2011, Elliott, 

2012b).  

Thus, if future projections of UK climatic warming come to pass (UKCP09 projections; 

Murphy et al., 2009) there are likely to be substantial effects on lakes across the UK. 

However, the precise direction and magnitude of change is uncertain since multiple 

stressors may interact in synergistic, antagonistic or additive ways (Coors and De 

Meester, 2008). Therefore, understanding of how both progressive and short-term 

perturbations impact the physical structure and ecological assemblages is of upmost 

importance to determine how future change is likely to impact the lake system and 

suggestively how this may support or delay management recovery trajectories and 

targets. The UK Lake Ecological Observatory Network (UKLEON) project buoy located 

on Rostherne Mere, being one of 11 host sites across the UK, provides an excellent 

opportunity to assess these changes both at an individual lake and national 

perspective, underlining the importance Rostherne Mere is an important site for 

freshwater ecological research in the UK.  

Assessing change using the diatom assemblage 

To assess ecological change over the long and short term, the study of lake sediments 

(both in sediment cores and sediment traps) is of great value due to their capability to 

accumulate and preserve large quantities of high quality ecological and chemical 

information (Anderson and Battarbee, 1994, Hall and Smol, 1999). Diatoms are a 

significant component of algal assemblages in freshwater lakes (Hall and Smol, 1999), 

containing a considerable fraction of total algal biomass across a broad spectrum of 

lake trophic status (Smol and Stoermer, 2010). Therefore, within sediments diatom 

records can be analysed to assist an examination of a number of ecological stressors 

such as acidification, climate change and eutrophication in aquatic ecosystems 

(Hadley et al., 2010). Assessment of the diatom assemblages in a sediment core can 

act as a paleoenvironmental archive for long-term environmental change beyond the 

historical record (Hadley et al., 2010). Whereas, the use of sediment traps enables the 

contemporary high-resolution assessment of seasonal downward settling diatom flux 

(Kulbe et al., 2006). Diatoms are photoautotrophic  organisms, influenced by the 

availability of environmental resources such as nutrients and light (Tilman et al., 1982, 
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Gevrey et al., 2004), making them ideal biological indicators with many ecologically 

sensitive species (Stoermer and Smol, 1999). Due to the silica construction of diatom 

cell walls they are well preserved in most lakes (Ryves et al., 2006) and so are a useful 

tool to quantify ecological change as a result of eutrophication and any subsequent 

recovery (Hall and Smol, 1999). There are a great number of freshwater diatom taxa 

with no accurate estimate for the number of species as annually more are discovered 

(Smol and Stoermer, 2010), with different taxon recognised by their siliceous cell wall 

structure (Adler et al., 2010). However, with recent developments in eDNA approaches 

(Apotheloz-Perret-Gentil et al., 2017, Rivera et al., 2017), it is suggested the number 

of genetically different taxa could be an order of magnitude larger than that known 

through morphological analysis, as it is not limited by the variances that can be 

distinguished under a microscope (Stoof-Leichsenring et al., 2015, Van den Wyngaert 

et al., 2015, Chen and Rynearson, 2016). Although it can be a time costly process, an 

accurate taxon count can provide key information for past and present water ecology 

as each taxon has a highly reliable optimum level of nutrient availability to bloom 

(Reavie et al., 1995), which in turn can have vital implications for other components of 

the aquatic ecosystem (Lewin, 1990). Diatom analysis has the capability to map long-

term ecological change to employ in the increasingly important model of restoring a 

natural ecological balance (Moss et al., 2005).  

Disentangling nutrients and climate as drivers of lake change  

As climate (i.e. annual and seasonal variations in; temperature, precipitation, wind, 

humidity, cloud cover, etc.) and nutrients have individually been shown to have a 

potentially great impact on lake systems, together therefore they can be expected to 

result in major change. Yet, an appreciation of how the two drivers will interact, if they 

will work in tandem or opposition, is still unclear, with research into attempting to 

disentangle the implications only recently begun (Thackeray et al., 2008, Battarbee et 

al., 2012, Flaim et al., 2016). Additionally, these interactions are further complicated 

by variations in lake parameters, such as morphology, history and current ecological 

condition, making the task a challenging issue.  

Freshwater lakes that have a long and detailed history of measuring the impact of 

anthropogenic eutrophication in freshwaters are extremely rare but recognised now as 

key sites for research into developing a greater understanding of how our changing 
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climate will influence lake systems. The rich historical understanding of nutrient 

impacts provides a trajectory that can be unpicked from any new trend of change likely 

caused by climate. However, it must also be considered that lakes that have 

undergone eutrophication and those who have a reduced biodiversity may have 

become progressively more sensitive to change with a loss of resilience (Scheffer et 

al., 2001), meaning further progressive or sudden extreme perturbation from either 

nutrients or climate could result in rapid changes in limnological and ecosystem state 

(Ruhland et al., 2015, Bertani et al., 2016, Yamoah et al., 2016).  

Therefore, disentangling the key driving forces of lake change, be it from nutrients, 

climate or both, is vitally important as lake management plans are developed to plot 

the likely future trajectories of lake change in a variety of possible future scenarios. 

This information then can be used to implement further remedial management if 

necessary, in order to avert or minimise damaging, and possibly irreversible, 

ecosystem change that may be seen too late if responding reactively, even in a well 

monitored system.  

 

1.2. Study objectives 

The objective of this thesis is to:  

Disentangle the impact of nutrients and climatic forcing as key drivers of change in 

deep eutrophic lakes in the UK. 

The project focused specifically on Rostherne Mere, Cheshire, UK, assessing the 

driving force(s) behind the trajectories of ecological and limnological change in the 

past, present and future. To do this, four independent studies were conducted, 

assessing different proxies and timeframes of change, with the overarching synthesis 

connecting the four studies together to answer the research objective. 

Each individual study had a specific research aim that went some way to support the 

overall study objective. These were:  

Study 1: How has the history of nutrient enrichment impacted the organic carbon burial 

rate? 
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Many studies have viewed lakes as quasi-static systems with regard to the rate of 

organic carbon (OC) burial, assuming that the dominant control on burial efficiency 

(BE) is sediment mineralisation. However, in systems undergoing recent 

eutrophication or oligotrophication (i.e. altered nutrient loading), or climatic forcing, the 

changes in primary production will vary on both longer (>10 years) and shorter 

(seasonal) timescales, influencing the rate of OC accumulation and subsequent 

permanent burial.  

Here, consideration of the extent to which permanent OC burial reflects changing 

production in a deep monomictic lake (Rostherne Mere, UK) that has a long history of 

cultural eutrophication (present annual average TP >200 µg L-1), but has undergone 

recent reductions in nutrient loading over the last ~25 years. Comparison of multi-year 

dynamics of OC fluxes using sediment traps to longer-term burial rates was carried 

out using two 210Pb-dated sediment cores. Assessment of autochthonous OC 

preservation is considered for the implications it may have upon the method for 

calculating BE for lakes which have undergone changes in primary productivity in 

recent decades, especially those responding dynamically to recent human impact and 

climate change.  

Study 2: How has sewage treatment work diversion in 1991 driven the reduced nutrient 

load trajectory? 

Understanding reduced nutrient load pathways of nutrient-impacted lowland 

freshwater systems is of great ecological and cultural impact and has economic 

implications for remediation. Thus, gaining a greater insight into how lakes respond 

to reduced nutrient loads and physical limnological cycling of available nutrients is 

vitally important for ecosystem and resource management.   

This study re-examined the recovery status of a hypereutrophic freshwater lake 

(Rostherne Mere, Cheshire, UK) 25 years after sewage effluent diversion. Using 

newly collected (2016) nutrient and phytoplankton data and high resolution (5 

minutely) hydrological monitoring of lake inflow and outflow, a nutrient budget for 

phosphorus (P) and catchment dissolved inorganic nitrogen (DIN) loading in the 

contemporary lake system is compared to previous budgets from 1990-2002, and 

assessment is made of the key drivers of recovery to inform debates on long-term 

lake management.  
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Study 3: How have climate perturbations modulated planktonic diatom communities 

and phenology during the reduced nutrient load trajectory?  

Climate change and extreme meteorological perturbations are having an important 

impact on lake environments, driving long (inter-annual) and short (seasonal) term 

physical and ecological change.  

This study utilises 6 years (2011-2016) of high resolution (2-4 week) sediment trap 

diatom data, lake physical data and regional climate data, to assess the stability and 

change of the seasonal diatom assemblage at Rostherne Mere, Cheshire, UK, a 

deep (30 m), seasonally stratifying, eutrophic (>200 μg TP L-1) lake, following 

meteorological and climatological perturbation.  

Study 4: What do the future possible nutrient and climate scenarios hold for 

Rostherne Mere? 

Nutrient availability and climate have long been known to have substantial effects on 

the structure and function of lakes. With predicted changes to climate (particularly 

temperature) over the 21st century across the UK, and changes in nutrient loading, 

there is an increasing necessity to disentangle the effects of these two drivers on lakes.  

This study uses monitoring of in-lake and catchment nutrient concentrations at 

Rostherne Mere over 1 year, to validate a lake biophysical model (PROTECH) which 

was then applied to assess the effect of future nutrient loading and climate change on 

the lake in a factorial modelling experiment. Future possible scenarios of adjustments 

in internal nutrient load, external nutrient load and a changing climate (air temperature) 

are assessed for the concentration of phosphorus and chlorophyll a for cyanobacterial 

blooms, and adjustments in the altering timing, depth and length of lake stratification.  

Thesis synthesis 

The thesis synthesis draws together the conclusions from each of the four studies (as 

described in the flow diagram below, Fig. 1.1.) to answer the major study objective for 

application to other deep, eutrophic temperate lake systems.  
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2. Study site 

 

Rostherne Mere (53º 20’N, 2º 24’W; Fig. 2.1.) is located in the north-west of England 

in the county of Cheshire, approximately 6 km from the town of Knutsford and 7 km 

from Manchester International Airport, on the edge of the small village of Rostherne. 

Rostherne Mere is part of the Cheshire and Shropshire Meres, a group of more than 

60 freshwater lakes that lie on the glacial geology of the Cheshire-Shropshire Plain. 

Their varied size, morphometry and nutrient status have made the group of lakes 

popular with researchers, with a comprehensive review of the meres being conducted 

by Reynolds (1979).  

Rostherne Mere is the deepest (maximum depth ~31 m; mean depth 13.6 m) and one 

of the largest (surface area of 48.7 ha; water volume of 6.8×106 m3) of the Cheshire 

and Shropshire Meres. Situated as the last of a chain of three meres lying sequentially 

along a single stream, draining a small catchment (940 ha) of agricultural, urban and 

parkland (Carvalho et al., 1995). Having a kettle basin morphometry, with one 

significant inflowing stream from the upstream Little Mere, numerous other small 

spring and groundwater-fed inflows and a single surface outflow, the water retention 

time is ~0.8 years (this study), with previous lower-resolution estimates of 1.6 - 2.4 

years (Moss et al., 2005). A monomictic lake, Rostherne Mere stratifies annually with 

a long, stable summer stratification (thermocline average depth March to November 

~10 m) and an anoxic hypolimnion developing as a result of organic matter 

decomposition rapidly utilising the oxygen in the lower water column within 1 month 

(Scott, 2014). The epilimnion, however, remains well oxygenated throughout 

stratification and nutrient dynamics are mainly influenced by biological uptake, 

replenishment from inflows and entrainment of hypolimnetic waters during periods of 

windy weather (Krivtsov et al., 2001), and overturn in late autumn.  

Designated a Site of Special Scientific Interest, National Nature Reserve and Ramsar 

site due to protected bird roosting sites, Rostherne Mere is of great ecological value 

to the national natural environment and as such has been studied with much vigour 

for over a century (Tattersall and Coward, 1914, Pearsall, 1923, Lind, 1944). The lake 

has been hypereutrophic since the 1970s (defined as >100 µg P L-1; Carlson, 1977), 

largely due to anthropogenic P loading from two catchment sewage treatment works 

(STW) that became overwhelmed by a growing surrounding population from the 
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Figure 2.1. Location in UK (a), catchment map (b; adapted from Moss et al., 2005)  

and bathymetric map of Rostherne Mere with sample sites labelled (c; adapted from 

Scott, 2014). 

 

1930s, leading to a particular renewal of scientific interest following the diversion of 

the STW in June 1991 with catchment restoration management efforts starting in 

earnest (Carvalho et al., 1995).  

More recently, despite the removal of point-source sewage effluent, the lake is still 

hyper-eutrophic with high levels of P mobilised from the sediments below the anoxic 

hypolimnion, causing substantial internal loading and limiting the rate of ecological 
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recovery (Moss et al., 2005). Lake net primary production is high (NEP ~130 g C m-2 

yr-1 in 2011-12 with individual algal blooms >20 g m-2 dry weight; Reynolds, 1979, 

Scott, 2014) with planktonic diatom blooms typically in spring and autumn, and a 

dominance of cyanobacteria in summer (Livingstone and Cambray, 1978, Livingstone 

and Reynolds, 1981, Moss et al., 2005). Submerged aquatic plant species diversity 

today is very low and in littoral areas <1 m deep dominated by Callitriche 

hermaphroditica. Lake margins are dominated by a narrow band of Phragmites 

australis with some Typha angustifolia, behind which is Salix scrub and alder carr 

(Alnus glutinosa) with areas of relatively species-rich wetland vegetation (G. 

Madgwick, pers. comm.). Since 2010, an automated water quality monitoring station 

has been located at a central buoy, being part of the UK Lake Ecological Observatory 

Network (UKLEON) project (see https://www.ceh.ac.uk/our-science/projects/uk-lake-

ecological-observatory-network-ukleon).  

Figure 2.2. Images of Rostherne Mere. Left: The UKLEON monitoring buoy (upgraded 

in 2014). Top right: Looking out over Rostherne Mere from the boat house. Bottom 

right: The automated sediment traps ready for re-deployment in the deeper part of the 

lake at two depths (10 m and 25 m), anchored by bricks and kept afloat by a couple of 

large buoys.   

https://www.ceh.ac.uk/our-science/projects/uk-lake-ecological-observatory-network-ukleon
https://www.ceh.ac.uk/our-science/projects/uk-lake-ecological-observatory-network-ukleon
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3. The historical dependency of organic carbon burial efficiency 

 

3.1. Introduction 

Despite covering only a small portion of the earth’s land surface (~3.7%; Verpoorter et 

al., 2014), lakes are now recognised as key sites for the transformation and storage 

of considerable amounts of carbon (C) derived from either in-lake production or 

transfer from the catchment (Cole et al., 2007, Catalan et al., 2016). A portion of the 

organic carbon (OC) that settles to the bottom of a lake will be mineralised and either 

recycled or degassed as CO2, or potentially undergo methanogenesis and degassed 

as CH4 (Fahrner et al., 2008), and the remainder will be buried. Burial of this OC in 

lake sediments can be considered as removal of atmospheric or terrestrial C from the 

active pool over geological timescales. Estimates of global C burial by lakes are 

between 0.02 to 0.07 Pg C yr-1, with most lakes burying between 4.5 - 14 g C m-2  yr-1 

(Tranvik et al., 2009), although rates are considerably higher in agriculturally-

dominated landscapes of Europe (~60 – 100 g C m-2 yr-1; Anderson et al., 2014) and 

North America (~7 – 554 g C m-2 yr-1; Heathcote and Downing, 2012, Anderson et al., 

2013, Clow et al., 2015). Furthermore, many previous estimates based on lake 

sediment cores have not been corrected for the effects of sediment focusing, which 

will lead to overestimation when up-scaled (Buffam et al., 2011, Engstrom and Rose, 

2013, Anderson et al., 2014). Clearly, understanding sedimentation processes in 

lakes, and the extent to which lakes preserve OC in their sediments (i.e. burial 

efficiency [BE]), is key to improving the accuracy of such estimates and clarifying the 

role of lakes in regional and global C cycling.  

Approaches to estimating OC BE have received considerable attention in both 

limnology and oceanography (Alin and Johnson, 2007b, Sobek et al., 2009, Anderson 

et al., 2014) yet within limnology this attention is still sparse without much agreement 

on a standard method. Formalised as the ratio between the rate of OC burial and gross 

sedimentation at the sediment surface (Sobek et al., 2009), studies of BE have been 

largely concerned with the factors controlling OC preservation. Production has 

generally been assumed to be constant over time, a concept largely derived from the 

marine literature (Hedges et al., 1999, Burdige, 2007). While some drivers of OC 

preservation are relatively well understood, such as oxygen exposure time, with 

hypoxic or anoxic conditions in the hypolimnion reducing the OC decomposition rate 
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(Laskov et al., 2002, Sobek et al., 2014), other key factors are still to be fully 

constrained, for instance the influence of temperature on decomposition rates (Sobek 

et al., 2009, Kothawala et al., 2014). For example, while Gudasz et al. (2010) have 

argued that warmer water temperatures result in more mineralization and reduced OC 

burial, Anderson et al. (2013) demonstrated little climatic effect on C burial rates 

across a temperature gradient in 116 Minnesotan lakes. In a study of lakes from West 

Greenland, Sobek et al. (2014) similarly found little effect of temperature on burial 

efficiency. The source and type of OC has also been recognised as a potential control 

of OC BE, with terrestrially-derived OC often assumed to be refractory, and 

autochthonous OC, labile (Sobek et al., 2009). Other drivers have also been argued 

to have a bearing on OC BE, such as basin morphometry (Ferland et al., 2012), 

changes in sunlight (Cory et al., 2014, Koehler et al., 2014, Tranvik, 2014), sediment 

flocculation (von Wachenfeldt et al., 2008, Sobek et al., 2009), OC molecular 

properties (Kellerman et al., 2015), and mineral sorption (Maerki et al., 2006). 

Much of the current understanding of processes of lake OC burial (especially 

preservation) is based on studies from boreal lakes (Sobek et al., 2005), where 

production (OC input) is generally assumed to be constant in the recent past (steady-

state conditions). In agricultural landscapes, long-term changes to land use intensity 

have led to the disruption of regional nutrient cycling with increased erosion, 

transportation and deposition of sediment from tilled agriculture (Clow et al., 2015), 

leading to the widespread development of freshwater eutrophication influencing 

autochthonous OC production and hence OC burial (Anderson et al., 2013, Dietz et 

al., 2015). While the factors controlling OC preservation are clearly important for OC 

BE, the implicit assumption that lake OC production is in a (quasi-) steady state in 

most systems is invalid, given the multiple stressors that lakes are subject to in all 

biomes (tropical, temperate and boreal) (Williamson et al., 2009a, Leavitt et al., 2009). 

Many culturally-impacted lakes are in a state of continual adjustment to increasing or 

decreasing nutrient loading (i.e. inputs of OC, whether terrestrial or aquatic, have 

changed over recent decades), and thus may influence OC burial rates together with 

those factors (i.e. temperature, O2) influencing preservation. 

Here, I utilise long-term (5-yr) high temporal resolution (2-4 week) sediment trap 

observations of OC flux in a strongly stratified, nutrient-rich lake that is recovering from 

cultural eutrophication (Rostherne Mere, UK), to generate estimates of OC flux to the 
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sediment surface at seasonal, annual, and sub-decadal scales (Douglas et al., 2002). 

Although traps (in the same way as sediment cores), are susceptible to focusing 

effects (i.e. over-trapping), trap fluxes can be corrected by comparison to monitored 

records of net ecosystem production (NEP) at the lake (Scott, 2014), and to 

contemporary OC accumulation measured from a well-dated, focusing-corrected 

sediment core. Furthermore, I compare the long-term high-resolution trap monitoring 

data to this sediment record of OC burial over the last ~150 years to examine historical 

patterns of OC burial and apply different methods to calculate OC BE at Rostherne 

Mere. Given the widespread occurrence of (seasonal) hypolimnetic anoxia among 

lakes globally (Kalff, 2002), Rostherne Mere provides an important test of the widely 

held assumption that labile OC is rapidly mineralised after sedimentation in such lakes. 

This distinction is critical in determining to what degree historical trends in OC burial 

are driven by changes to terrestrial OC supply and sedimentary OC preservation (the 

latter controlled by oxygen exposure time, temperature and OC lability), rather than 

long-term changes in autochthonous production. This study has broad implications for 

studies of OC BE and preservation in such dynamic, culturally-impacted lakes and 

other systems where direct and indirect impacts of human activity have altered 

autochthonous OC production and/or terrestrial OC inputs in the recent past.  

 

3.2. Methodology 

Sediment collection 

Sediment trapping using both open tube and sequencing traps was carried out at 

Rostherne Mere from April 2010 to March 2015. Open tube sediment traps (KC 

Denmark, Silkeborg, Denmark; older variation of http://www.kc-

denmark.dk/products/sediment-trap-station/sediment-trap-station-oe80-mm-

tubes.aspx), comprising 4 clear plastic tubes (450 mm length/72 mm internal diameter, 

1:6.3 trapping ratio, 0.016 m-2 trapping area per 4 tubes), were deployed at 10 m and 

25 m depth in the central, deepest part of the lake (~30 m). Some early tube trap 

collections (shallow trap April 2010 to June 2010; deep trap April 2010 to May 2011) 

used a funnel (to maximise absolute catch for a separate project) that resulted in a 

lower material capture per unit area (Bloesch and Burns, 1980). As a result, a series 

of calibration traps (paired traps with and without funnel) were deployed and a lake-

http://www.kc-denmark.dk/products/sediment-trap-station/sediment-trap-station-oe80-mm-tubes.aspx
http://www.kc-denmark.dk/products/sediment-trap-station/sediment-trap-station-oe80-mm-tubes.aspx
http://www.kc-denmark.dk/products/sediment-trap-station/sediment-trap-station-oe80-mm-tubes.aspx
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specific calibration factor (with:without funnel = 3.13) was calculated to correct tube 

trap collections on a unit area basis. Technicap PPS 4/3 automatic sequencing traps 

(1310 mm length/252 mm internal diameter, 1:5.1 trapping ratio, 0.05 m-2 trapping 

area; http://www.technicap.com/images/product/pps-4-3.pdf) were also deployed at 

10 m and 25 m water depths, sequentially opening into 12 individual 250 ml HDPE 

bottles, each representing a 2-week collection period (except in January and February 

longer collection periods of up to 4 weeks were used). The traps were reset every 6 

months as dictated by the trapping interval used, with trap sediment kept cool, dark 

and sealed during transport to the laboratory where it was stored frozen prior to 

analysis.  

A 112 cm long sediment core (RM-LIV-2011, hereafter the RML core) was collected 

at 26 m water depth in September 2011 using a Livingstone piston corer (Wright, 

1967). The sealed core was transported vertically to the laboratory, and stored 

vertically in a dark cold room at 5° C, prior to extrusion at 1 cm intervals for the upper 

50 cm of sediment, and then at 0.5 cm intervals for the remainder of the core.  

Water column oxygen concentration and temperature were measured at 1 m intervals 

approximately every 3 weeks between May 2010 and April 2012 using a YSI 6600 V2 

multi-parameter sonde (Scott, 2014). Hourly NEP estimates of the pelagic epilimnion 

at 1 m depth at the UKLEON buoy were calculated for 2011-12 by the free-oxygen 

method using daytime water column dissolved oxygen calculations (Odum, 1956). 

Precipitation data from the closest reliable Meteorological Office station (Shawbury, 

Shropshire, UK; situated 64 km south-west from Rostherne Mere) were utilised to 

generate 30-year monthly and annual means for comparison to the study period 

monthly and annual means. Average daily wind speed and surface water temperatures 

were taken from the UKLEON buoy. 

Sediment analysis 

All trap and core samples were freeze-dried prior to analysis. For all samples organic 

matter (OM) was determined using sequential loss-on-ignition, where OM was 

calculated by weight-loss after 3 hrs at 550°C (Dean, 1974). Percentage OC was 

calculated from %OM using a lake-specific conversion factor (%OC = %OM ∙ 0.56; 

see Appendix 1) estimated from analysis of 20 sediment samples with a range of %OM 

(14-65%) with total OC determined via mass-spectrometry elemental analysis.  

http://www.technicap.com/images/product/pps-4-3.pdf
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Figure 3.1. Rostherne Mere Organic carbon (OC) flux (g C m-2 d-1) captured in 

sediment traps (uncorrected for over-trapping or mineralisation losses) at a depth of 

25 m (e) and 10 m (d) overlaid with timings of stratification (grey bars stratified period) 

for respective depths. Daily average surface water temperature (c), daily average wind 

speed (b), and monthly (shaded grey area against the left y-axis) & annual total 

precipitation (single black line against right y-axis) with 30-year average (single red 

line against right y-axis) plotted (a) for comparison to changes in trapped OC flux. * = 

missing data. 
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Freeze dried and homogenised core samples were analysed via alpha spectrometry 

for 210Pb activity to determine chronology and sediment accumulation rates according 

to the CRS (constant rate of supply) model with confidence intervals calculated by 

first-order error analysis of counting uncertainty (Appleby, 2001).  

Data analysis 

Preliminary analysis of the sediment trap OC flux showed a high winter sediment 

collection, especially in the deep (25 m) trap (Fig. 3.1d and 3.1e), despite little to no 

primary production during this time, as confirmed by high-resolution monitoring of NEP 

(Scott, 2014). Rostherne Mere has an intensely managed catchment, with restricted 

 

 

Table 3.1. Uncorrected and corrected OC flux rates (g C m-2 yr-1) for limnological years 

(1st April to 31st March) 2010-2015. Data from 1st November to 15th March have been 

removed to correct for over trapping of resuspended particles and a 10% trap OC 

mineralisation factor has been applied (see text for details). Net ecosystem production 

(NEP) for 2011-12 is estimated from the free-oxygen method (Scott 2014). 

Year 
Uncorrected 

shallow trap  

Corrected 

shallow 

trap  

Uncorrected 

deep trap  

Corrected 

deep trap  NEP 

2010 - 11 225.15 167.69     

2011 - 12 157.72 133.74 208.52 122.56 135.6 ± 91 

2012 - 13 154.09 106.81 183.00 112.98  

2013 - 14 306.14 279.78 313.39 227.01  

2014 - 15 355.61 280.58 287.93 215.36  

Total Means 

(2011-2015) 
243.39 200.23 248.21 169.48  

Total Means 

(2010-2015) 
239.74 193.72    
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Table 3.2. Uncorrected and corrected trap OC flux ratios highlighting the changes 

applied with correction methods and the loss rate between sediment traps. Note the 

outlying 2012 ratio highlighting the impact of the annual variability from extreme 

meteorological behaviour.  

Year 

Shallow 

Corrected / 

Shallow 

Uncorrected 

Deep 

Corrected / 

Deep 

Uncorrected 

Deep 

Uncorrected / 

Shallow 

Uncorrected 

Deep 

Corrected / 

Shallow 

Corrected 

2010 - 11 0.74    

2011 - 12 0.85 0.59 1.32 0.92 

2012 - 13 0.69 0.62 1.19 1.06 

2013 - 14 0.91 0.72 1.02 0.81 

2014 - 15 0.79 0.75 0.81 0.77 

Total Means 

(2011-2015) 
0.81 0.67 1.09 0.89 

Total Means 

(2010-2015) 
0.80    

 

land use and agricultural activity, so it can be assumed the terrestrial OC contribution 

is minimal and the NEP is the dominant OC source. Therefore, the high winter 

collection in the deep sediment trap implies over trapping is a significant issue within 

Rostherne Mere, as expected from its morphometry and stratification pattern (Hilton, 

1985). Seasonal over trapping was corrected through the removal of the winter 

sediment collection (1st November – 15th March, as determined by comparison to the 

NEP analysis, i.e. the period when net production was ~0) from the calculated annual 

collection totals. Furthermore, a correction value of +10% was added to offset the OC 

loss rate in the sediment traps as a result of mineralisation in the traps themselves. 

The 10% correction factor is an arbitrary number taken from other similar studies that 

have previously suggested the figure to be a suitable correction with minimal error 

(Bloesch and Burns, 1980, Horppila and Nurminen, 2005). This approach was 

independently verified by comparison to the 2011-12 NEP (Scott, 2014) with the 

corrected trap fluxes fitting within the expected range of NEP values, assuming the 

terrestrial OC component within this study is minimal. Subsequently the corrected 
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values were summarised as annual totals (1st April to 31st March; Table 3.1.) and 

compared between years and trap depths (Table 3.2.).  

Loss rates of OC in the water column were calculated by the difference between each 

sampling depth (NEP at ~0.5 m, traps at 10 m and 25 m; Fig. 3.2.). Both trap and core 

corrected data were used to calculate BE according to two published methods (Fig. 

3.2.). Alin and Johnson (2007b) proposed burial efficiency (here denoted BE25) as the 

ratio of OC burial (the mean OC mass accumulation of sediments between 10 and 25 

years in age; see below) to NEP. Alternatively, Sobek et al. (2009) describes burial 

 

Figure 3.2. Rostherne Mere OC from NEP (2011-12), trap data (corrected 2011-12 and 

4-year annual mean in brackets) and historical sediment core accumulation rate, showing 

the estimated losses through the water column and into the surface sediment. Various 

methods for calculating burial efficiency are shown (BE25 [NEP to 10-25 year mean of 

core], Alin &Johnson 2007; BE150 [deep trap to 25-150 year mean of core], Sobek et al. 

2009; BENEP [NEP to 0-50 year mean of core], this study; BEDT [deep trap to 0-50 year 

mean of core], this study), highlighting the difference in the methods. Values shown are 

g C m-2 yr-1. 
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efficiency (here denoted BE150) as the ratio of OC burial (the mean OC mass 

accumulation of sediments between 25 and 150 years in age) to the OC delivery to 

the sediment surface (deep trap capture). The literature on calculating OCBE is 

sparse, with an agreement on a standard method elusive. Therefore, due to limitations 

found with both these methods when applied to Rostherne Mere due to its recent, and 

ongoing, changes in production over the timescales used in calculations of BE25 and 

BE150, a revised method of calculating BE is proposed using sediments deposited over 

the last 50 years.   

The use of sediment cores provides a long-term perspective on C burial rates. 

Sediment core OC accumulation rates were estimated by multiplying bulk sediment 

accumulation rates (g dry matter cm-2 yr-1, derived from 210Pb dating) by the OM% and 

the OM/OC conversion factor (see above) and are reported as g C m-2 yr-1. Significant 

problems can arise with this approach for whole-basin upscaling if sediment focusing 

is not considered (Anderson et al., 2014), due to pelagic accumulation often 

overestimating whole-lake accumulation. Therefore, core sediment accumulation 

rates were focusing-corrected (by a factor of 0.7) using the ratio of the expected 

unsupported flux of 210Pb (9.82 pCi cm-2) to that found in the core (Anderson et al., 

2013, Anderson et al., 2014). After deposition into the bottom sediments, the OC 

mineralisation rate slows exponentially towards zero with increasing depth below the 

sediment-water interface (Middelburg, 1989). Sediments younger than 5 years have 

the highest rate of decay, dropping dramatically after ~10 years (Thomsen et al., 2004, 

Galman et al., 2008). Therefore, the most recent 10 years of accumulation (<5 cm 

sediment core depth, 210Pb dated age ~AD 2001 ± 2.04 yrs) was removed from flux 

calculations to avoid the influence of incomplete mineralisation (Galman et al., 2008, 

Heathcote et al., 2015). 

For comparison to the RML core, a previous core taken from the central deepest part 

of Rostherne Mere in 1977 (Livingstone, 1979) using a Mackereth one metre mini-

corer (Mackeret, 1969) was used (hereafter referred to as the LIV77 core). A loess 

smoother was fitted to the LIV77 core data to reduce noise and enable clearer 

comparison to the RML core. Additionally, I compare the historical record of Rostherne 

Mere with 9 Danish lakes (all with independently dated 210Pb records and focussing 

corrected; Anderson et al., 2014). These Danish lakes have been undergoing nutrient 

reduction over a similar time period to Rostherne Mere, as part of a wider national 
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policy to reduce nutrient loading to surface waters (Commission, 2012). A loess 

smoother was fitted through the aggregate Danish core data to reduce noise and 

highlight the trend, with a p = 0.95 confidence envelope calculated in R (using ggplot2 

software; Wickham, 2009). 

 

3.3. Results 

During the study, total annual rainfall at Rostherne Mere (Fig. 3.4a) was below the 30-

year average (study period = 676.7 mm yr-1; 30-year annual mean = 810.2 mm), with 

the exception of 2012 where the total annual rainfall (1054.6 mm) was 30% higher 

than the 30-year average. This was largely due to an unusually wet summer, with a 

55% higher June to September total rainfall in 2012 (413.2 mm) compared to 30-year 

mean (267.1 mm). Daily wind speed was variable (daily average range 0 to 11.9 m s-

1) with slight increases over the winter months, as expected in this location (Fig. 3.4b). 

Surface water temperature reflects air temperature (range ~3 to 24 °C; see Figs. 3.1a 

and 3.2c). 

The shallow and deep trap uncorrected OC flux shows high capture is not restricted 

to summer, although the stratified and productive summer period commonly had 

higher catches than the winter and spring (Fig. 3.4d and 3.4e), with greater fluxes 

recorded in 2013-15 than earlier years (Table 3.1.). Despite being suspended only 15 

m apart in the water column, the two traps sometimes showed large differences in 

individual 2-weekly catch, as observed in other multiple trap studies (Moschen et al., 

2009). At times, simultaneous peaks in collection in both traps indicate rapid settling 

(e.g. early August 2013; Fig. 3.4d and 3.4e), while other periods are characterised by 

a slow downward flux of particles (e.g. August 2011 and August 2014; Fig. 3.4d and 

.4e). This variation in settling rate results in the signal in the shallow trap being blurred 

in the deep trap on a 2-weekly timescale (e.g. summer 2012; Fig. 3.4d and 3.4e). 

Across the study the uncorrected winter OC collection mean is similar between the 

shallow trap and deep trap (5-year average 243.4 and 248.2 g C m-2 yr-1 respectively; 

Table 3.1.), with the deep trap collecting more in three of the four years (2011-14; 

Table 3.2.). This is typical where intermittent complete mixing (ICM) dominates 

sedimentation processes (Hilton, 1985), resuspending unconsolidated organic matter 

into the water column during the mixed period. After correction for both ICM (i.e. 
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removing the winter collection) and a fixed 10% mineralisation loss in the collecting 

bottles, the shallow trap mean value was 200.2 g C m-2 yr-1, and 169.5 g C m-2 yr-1 in 

the deep trap over the study period (Table 3.1.). Calculated NEP from high-frequency 

monitoring in 2011-12 (135.6 g C m-2 yr-1; Scott, 2014) differs by < 5% with the 

corrected trap catch in 2011-12 for both shallow and deep traps, supporting the 

approach taken to adjust trap catch here. The difference between the corrected 

shallow trap flux in 2011-12 (~134 g C m-2 yr-1) and the surface sediment accumulation 

rate (from the core collected in September 2011; ~112 g C m-2 yr-1) is 22.1 g C m-2 yr-

1, which is close to the C efflux as calculated from lake profile CO2 measurements in 

2011-12 (33.5 g C m-2 yr-1; Scott, 2014). I therefore conclude that corrected trap flux 

is a good estimate of NEP (shallow trap) and OC delivered to the surface sediments 

(deep trap) for calculation of BE, assuming the terrestrial OC contribution is minimal 

as previously suggested. 

The average OC loss through the water column in 2011-12 was 1.4% (lake surface to 

shallow trap at 10 m), 8.3% (shallow trap to deep trap at 25 m) and 9.0% (deep trap 

to surface sediment at 26 m) with about 10% of NEP lost through the water column to 

25 m, and a further ~8% at the sediment surface (Fig. 3.2.). Using the Alin and Johnson 

(2007b) method comparing NEP in 2011-12 to average sediment accumulation rate 

from the previous 10-25 years, BE25 is estimated at 92.8% (Fig. 3.2.). Alternatively, 

the Sobek et al. (2009) method, comparing deep trap flux to average sediment 

accumulation rate from the previous 25-150 years, gives an estimate of  BE150 as 

60.4%, or two-thirds of the Alin and Johnson (2007b) method (Fig. 3.2.). 

The burial rate from the RML core (focusing-corrected; Fig. 3.3.) shows an increase in 

OC burial from 24 g C m-2 yr-1 in 1900 to 138 g C m-2 yr-1 in the late 1980s (a 7-fold 

increase). Both the temporal pattern and burial rates of the RML core are very similar 

to the focusing corrected LIV77 core (Fig. 3.3a), demonstrating the consistency of the 

deep water sediment archive across the lake. Small discrepancies between the two 

cores are likely due to differing core locations and depths (Anderson, 1990) as well as 

the incomplete mineralisation in the upper part of the 1977 core compared to 

sediments this age in the 2011 core (Fig. 3.3b). Since the 1990s, the RML core OC 

accumulation rate has declined to approximately 110 g C m-2 yr-1. The temporal pattern 

of OC burial at Rostherne Mere corresponds to the historical record of intensification 
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Figure 3.3. (a) Loess smoothed focusing corrected OC burial rate from core RML 

(solid line, dark grey triangles, collected in 2011) and LIV77 core (dashed line, light 

grey squares; collected in 1977), compared with mean surface water annual TP 

concentration (dotted line). (b) OC% down core profiles for RML (solid line) and LIV77 

(dashed line) cores. (c) Aggregated sedimentary records of 9 Danish lakes over the 

last ~150 years showing 20th century eutrophication and oligotrophication (taken from 

Anderson et al., 2014). Lake records have been independently 210Pb-dated and 

focussing-corrected. A loess smoother with 0.95 confidence envelope has been fitted 

through the data.  
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of eutrophication over the last century associated with sewage treatment works 

development, and the recent diversion of effluent from the inflowing steam in 1991, 

initiating a gradual recovery (Moss et al., 2005). This recent decline in sedimentary 

OC accumulation rate shows good agreement with the decline in the measured TP 

concentrations from a maximum of 400 to 600 µg P L-1 at the peak of eutrophication 

in the late 1980s, to approximately 200 to 300 µg P L-1 in recent years (Fig. 3.3a). 

Although the exact timing differs slightly and accumulation rates are lower, changes 

over the 19th and 20th centuries at Rostherne Mere (with nutrient enrichment followed 

by reduction) are mirrored in many Danish lakes (Fig. 3.3c) which have undergone 

similar experiences of human impact and recent management over the last 100-150 

years. Trajectories of change in lake OC production and burial are clearly shared 

across industrial and post-industrial landscapes across Europe.  

 

3.4. Discussion  

Inter-annual variability in OC dynamics 

Culturally impacted lakes are not only prone to longer term changes (>10 years) in OC 

burial potential (due to varying nutrient loading), but also show short term fluctuations 

on inter-annual timescales (Reynolds and Reynolds, 1985, Gibson et al., 2000). At 

Rostherne Mere, for example, trap fluxes were atypically low in 2012-13, only 106.81 

g C m-2 yr-1 in the shallow trap, which is 50% lower compared to the mean of the other 

four years (Table 3.1.). Although there are several episodes of negligible trap catch 

over the 5-year record in either or occasionally both traps, consistently and unusually 

low flux was most evident during the summer of 2012, with trap catch negligible in both 

traps in September 2012 (Fig. 3.4d and 3.4e). The reason for this seasonal anomaly 

can most likely be attributed to extreme meteorological conditions. Rainfall was 66.2% 

higher in September 2012 (the wettest summer period for the UK since 1912) and 

30.2% higher in total for the year 2012-13, compared to the 30-year average (Fig. 

3.4a). The exceptional hydrological conditions of that summer will have resulted in a 

combination of factors limiting algal growth. Light for photosynthesis would have been 

reduced by greater cloud cover (Brooks and Zastrow, 2002) and increased turbidity 

from greater inflows of turbid flood water (mean minerogenic fraction in shallow 

sediment trap was 9.1% higher [56.3%] than the study period mean [47.2%]), while 
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reduced lake water residence time would decrease phytoplankton standing crop by 

outflow washout (Reynolds et al., 1982, Cross et al., 2014). Together, this would 

reduce total algal production in the lake, and hence reduce OC burial potential.  

In recent years (2013-15), the sediment trap total collections have shown an increase 

in total yield (Table 3.1.), aligning to an increase in TP levels (Fig. 3.3a) and the impact 

of climatic variability mentioned previously. This rise suggests a short-term increase 

in production despite a longer-term trend to oligotrophication and recovery. These 

seasonal and inter-annual fluctuations highlight the importance of combining trap and 

sediment core studies allowing the variability in OC dynamics (production, 

sedimentation and burial) to be assessed across a range of temporal scales, from 

seasonal to decadal, and emphasise the benefits of sediment trap studies that last 

more than one limnological cycle (Kulbe et al., 2006, Moschen et al., 2006).  

Preservation controls on OC burial efficiency 

Rostherne Mere is very efficient at storing OC, with an estimated BE of between 60 – 

93%, as calculated using the Sobek et al. (2009) and Alin and Johnson (2007b) 

methods, respectively (BE150 and BE25; Fig. 3.2.).  This falls within the upper end of 

BE reported in a range of other lakes with and without focussing-correction, with ~31% 

in two lakes in West Greenland (BE150 method used for Lake SS4 & Lake SS8; Sobek 

et al., 2014), 23.2-26.1% (BE150 method) and 44.7% (BE25 method) in eutrophic 

Baldeggersee, Switzerland (Teranes and Bernasconi, 2000, Muller et al., 2012)(not 

focussing corrected). Brothers et al. (2013) reported ~100% efficiency in Kleiner 

Gollinsee, Germany (deep trap to uncorrected sediment surface accumulation), yet 

here application of the BE150 method gives a 28.5% efficiency. Previously, discussion 

of variability in OC BE between lakes has focussed on the processes driving 

preservation, with consensus that the dominant controls are oxygen exposure time, 

temperature and the dominant OC type (i.e. labile autochthonous versus refractory 

allochthonous carbon) (Calvert et al., 1991, Sobek et al., 2014).  

When considering the controls on OC preservation in Rostherne Mere, the long, stable 

periods of stratification and associated hypolimnetic anoxia are a key factor. The high 

levels of production in the lake lead to increased oxygen consumption rate in the 

hypolimnion following the sedimentation of the spring algal bloom (Rippey and 

McSorley, 2009), with rapid deoxygenation of the hypolimnion (within 4-6 weeks after 
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stratification; Fig. 3.4b) and low OC mineralisation rates in the deeper water column 

and at the sediment surface in the profundal zone (Laskov et al., 2002, Sobek et al., 

2014). Once the available dissolved O2 is depleted (within a few weeks of stratification; 

Scott, 2014; Fig. 3.4b), dentrification, methanogenesis and manganese reduction will 

be stimulated (Davison and Woof, 1984, Thomsen et al., 2004, Fahrner et al., 2008).  

 

Figure 3.4. The seasonal cycle of stratification at Rostherne Mere during 2010 and 

2011 (adapted from Scott 2014). Periods of lake stratification are shown with grey bars 

and dashed lines. (a) Depth-time plot of temperature (°C) and (b) depth-time plot of 

dissolved oxygen (mg L-1) between May 2010 to December 2011.  
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However, within Rostherne Mere the redox sequence observed in other systems may 

only reach the initial stages due to a lack of available electrons (Davison and Woof, 

1984, Davison et al., 1985), adding to the high BE potential of the lake. While research 

in marine systems has questioned the role of anoxia in promoting high OM 

preservation (Calvert et al., 1991), anaerobic respiration of OM is generally less 

efficient than aerobic (Sobek et al., 2009). Additionally, given the year-round low 

temperature (~6 °C; Fig. 3.4a) in the hypolimnion of Rostherne Mere (and other mid- 

and higher latitude stratifying lakes), kinetic rates affecting biogeochemical and 

biological processes involved in OC respiration and diagenesis will also be reduced, 

enhancing OM preservation (Tison and Pope, 1980).  

Interestingly, the OC loss rates in the water column at Rostherne Mere are seen to 

increase with depth, with the representative loss rates of the warmer oxygenated 

epilimnion (NEP to shallow trap, Fig. 3.2.) being lower than the colder anoxic deeper 

water column sections (shallow trap to sediment surface, Fig. 3.2.). Preliminary results 

from in-trap decomposition experiments using Rostherne seston (see Appendix 2) 

show little mineralisation in a sealed container during the first 7 days after 

sedimentation. Therefore, I propose a week is enough time for sedimenting particles 

to be deposited in the shallow trap relatively intact (thus only a 1.4% loss found, Fig. 

3.2.), whereas, the particles sedimenting to the deep trap will take longer to be 

captured. The deep trap seston thus includes organic matter that has been partially 

mineralised within the water column during sedimentation, explaining reduced deep 

trap flux of OM despite colder and less oxic ambient waters at this depth. 

Finally, autochthonous OC derived from algal production is generally regarded as 

labile compared to more refractory, allochthonous (terrestrial) OC. Sobek et al. (2009) 

found that BE was one-third that in lakes where OC was predominantly composed of 

autochthonous matter (mean BE150 = 22%) compared to lakes in which OC was 

composed predominantly of allochthonous inputs (mean BE150 = 66%). However, 

some eutrophic lakes that are dominated by autochthonous production, such as 

Rostherne Mere (this study), Baldeggersee (Teranes and Bernasconi, 2000) and 

Kleiner Gollinsee (Brothers et al., 2013), can be highly efficient OC sinks, implying that 

OM source may not be a major control in all lakes. For example, previous work at 

Rostherne Mere has shown that the preservation of non-siliceous algae is excellent, 
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potentially leading to higher burial rates with increasing production (Livingstone and 

Cambray, 1978).  

Quantifying OC burial efficiency  

Recently, there has been considerable focus on quantifying burial rate to estimate the 

global role of lakes in removing C from the active carbon pool (Tranvik et al., 2009). 

Two methods for calculating OC BE were employed in this study; Alin and Johnson 

(2007b) compared recent (previous 10 – 25 years) OC accumulation rate against NEP 

(BE25; Fig. 3.2.), and Sobek et al. (2009) who used the long term mean OC 

accumulation rate (25 – 150 years) and the delivery to the sediment surface (here the 

deep trap capture; BE150, Fig. 3.2.). When applied to Rostherne Mere using focussing-

corrected core RML, the BE25 method gives an estimated efficiency of 92.8%, and 

BE150 60.4% (Fig. 3.2.). This discrepancy of 32.4% (i.e. about half the BE150 value) 

highlights inadequacies in using either method in systems where OC production has 

not been constant. This indeed will be the case in many post-industrial landscapes 

where nutrient loading issues are now being addressed (such as under the EU Water 

Framework Directive; e.g. Denmark, Fig. 3.3c), in regions where production is 

increasing with progressive nutrient enrichment, and where terrestrial OC loading is 

increasing due to landscape or climate change, as in boreal regions (Evans et al., 

2005, Monteith et al., 2007). For example, it is reported that Baldeggersee’s organic 

carbon delivery to the sediment surface (as net export from the epilimnion is very 

similar to deep trap collection; Muller et al., 2012) is between 90 - 103.5 g C m-2 yr-1 

(Teranes and Bernasconi, 2000, Muller et al., 2012), which implies steady burial of 

24.3 – 40.1 C m-2 yr-1, given a BE of 23 - 45% (BE150 & BE25, respectively) over recent 

decades. However, since the 1960s there has been a burial of ~50 g C m-2 yr-1, rising 

to >75 g C m-2 yr-1 in the 1990s (Teranes and Bernasconi, 2000), and although some 

continued mineralisation would be expected in the 1990s sediments, this 

demonstrates the methodological mismatch of comparing contemporary productivity 

with historical accumulation (during lower productivity).  

There are two main differences between the two methods; the calculation of inputs 

(denominator in BE ratio) being either from NEP (BE25) or the deep trap catches 

(BE150, i.e. surface sediment) and the choice of numerator in the BE ratio for the 

sediment core historical mean (10-25 years or 25-150 years; BE25 and BE150 
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respectively). At Rostherne Mere, it is the choice of historical record (BE numerator) 

that drives the burial efficiency value due to the changing production of the lake 

influencing the core mean value (Fig. 3.2.), with the input (BE denominator) being very 

similar, as little OC is lost within the water column, although this will not be the case 

for all lakes. However, OC loss rates during sedimentation down the water column 

reported from eutrophic Swiss lakes up to 90 m deep have also been shown to be 

relatively minor, as here (Muller et al., 2012; Fig. 3.2.). 

Application of the Sobek et al. (2009) method  (BE150) to lakes undergoing change in 

production (i.e. due to changes in nutrient loading, such as its reduction or redirection) 

will result in an unrepresentative BE, due to the changing OC accumulation rate (Fig. 

3.3a and 4.3b). As the method uses average OC burial between 25 and 150 years in 

age, this may include sediments that were deposited under very different ecological 

or trophic conditions. In much of NW Europe and North America, lakes in agricultural 

landscapes over the last 100-150 years have experienced progressive nutrient 

loading, greater allochthonous OC inputs and increasing eutrophication (Teranes and 

Bernasconi, 2000, Brothers et al., 2013, Anderson et al., 2014, Clow et al., 2015, 

Heathcote et al., 2015). In Europe, for example, average OC burial rates have 

increased by a factor of 2.2 over the last 100 – 150 years, with a significant rise in 

hyper-eutrophic lakes from a mean of 59 g C m-2 yr-1 pre-1950 to ~100 g C m-2 yr-1 

post-1950 (Smith, 2003, Anderson et al., 2014). 

Given widespread cultural eutrophication across the globe, it is unsurprising that 

similarly sharp increases in OC burial rates have been found elsewhere. Comparable 

patterns are found in 9 Danish lakes (Fig. 3.3c), and although not corrected for 

sediment focussing, similar relative increases in OC burial have been reported from 

lakes in Mexico (3-fold increase) and Germany (4-fold increase) in the modern period 

(Brothers et al., 2013, Carnero-Bravo et al., 2015). At Baldeggersee, Teranes and 

Bernasconi (2000), found an increase in OC burial rates, rising from 15 g C m-2 yr-1 

pre-1960 to 103.5 g C m-2 yr-1 in 1995-1996. At Rostherne Mere a similar pattern 

emerges; with severe cultural eutrophication accelerating post-1900 resulting in a 7-

fold rise in OC burial during the 20th century (Fig. 3.3a). Therefore, the application of 

the Sobek et al. (2009) method (BE150) to lakes undergoing change in production will 

underestimate burial efficiency by comparing contemporary nutrient-enhanced 

production with largely pre-impact burial rates, when production was commensurately 
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lower too. Further, it is likely that preservation of OC in historical periods was in fact 

lower than in the contemporary system as the speed and severity of hypolimnetic 

deoxygenation will have increased with cultural eutrophication over the last 100-150 

years (exceeding any marginal increase in mineralisation from warming hypolimnia in 

the last ~50 years; Dokulil et al., 2006), leading to greater underestimation using the 

BE150 method. 

Recent oligotrophication is leading to reductions in production in many lakes as 

nutrient loading is controlled and reduced, as seen at Rostherne Mere (Fig. 3.3a) and 

in Denmark (Fig. 3.3.c). At both Rostherne Mere and the 9 recovering Danish lakes, a 

decline in OC burial rate begins following a reduction in nutrient loading (Fig. 3.3a and 

3.3c). Comparison of the LIV77 core taken at Rostherne Mere in 1977 confirms the 

long-term pattern found in the RML core from 2011, and agrees closely with the 

focussing-corrected values (Fig. 3.3a), suggesting that mineralisation losses do not 

continue after permanent deposition. Indeed, comparison of the burial rate and OC% 

for the two cores (Fig. 3.3a and 3.3b) suggests that mineralisation is largely complete 

after ~10 years, in agreement with recent studies on lake sediments (Galman et al., 

2008). While there will be some variability expected even from cores collected in close 

proximity (Rippey et al., 2008), the good agreement between these cores supports the 

approach of using sediment focussing (independently applied to both 210Pb-dated 

cores) to estimate a basin-mean value from a single core. Moreover, the LIV77 core 

OC data also support the contention that OM mineralisation effectively ceases ~10 

years after deep water sedimentation in such lakes: OC burial rates in the LIV77 and 

RML cores from the 1960s are essentially the same (within methodological and within-

basin variability), while OC%, initially higher in the uppermost section of the LIV77 

core, falls to similar values in both cores by ~1965 (Fig. 3.3b), as expected if OM 

mineralisation was still incomplete at that time (Fig. 3.3b). The fall in productivity 

following reduced nutrient loading seen at Rostherne Mere and the 9 Danish lakes is 

mirrored in the pattern of OC burial rate in their lake sediment records, despite 

mineralisation processes in the uppermost sediments, in agreement with simulations 

of OC burial under various models of mineralisation (Heathcote et al., 2015).  

It is clear that the OC burial rate in lakes undergoing recent changes in nutrient loading 

will respond dynamically to changes in both production and preservation environment. 

However, as decomposition of organic matter continues after deposition onto the lake 
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bed and during incorporation into the lake sediment record, the use of recent 

sediments (possibly <25 years and certainly <10 years in age; Galman et al., 2008) 

should be avoided due to potential continued diagenesis after deposition (Sobek et 

al., 2009). However, comparing contemporary production with pre-20th century 

sediment records is also problematic. Consequently, application of the Alin and 

Johnson (2007b) method that uses a more recent time period of OC accumulation (10-

25 year mean) may result in a more realistic estimate for lakes where major changes 

in production have occurred over ~25 years, and have since stabilised. At Rostherne 

Mere and other lakes undergoing recent recovery over this timescale (cf. Danish lakes; 

Fig. 3.3c), it is clear from the trends of the OC burial rates (Fig. 3.3a and 3.3b) that 

recent diagenesis does not remove the signal of changes in recent lake production 

recorded in the sediment record. From Figure 3.2, comparison of the 2011 sediment 

surface OC burial rate from the core (112 g C m-2 yr-1) to the mean from 1985 – 2000 

(126 g C m-2 yr-1; i.e. the BE25 method) shows a 12.8% higher historical burial rate, 

and generates a paradoxical BE over 100%. In this case, it is happenstance that the 

BE25 method included the period of maximum lake production, pre-sewage diversion, 

at this site. Nonetheless, this highlights the problems inherent in any such historical 

approach to estimating contemporary OC sedimentary dynamics in systems 

undergoing recent change. 

Updated OC burial method: BEDT and BENEP 

This study suggests the current methods for estimating OC BE may be inappropriate 

when applied to lakes that have recently undergone, or are undergoing, changes in 

their trophic status and production due to anthropogenic impacts (such as nutrient 

loading) or global change drivers (such as climate change) (Evans et al., 2005, 

Monteith et al., 2007). The implications for errors in up-scaling lake OC burial rates for 

regional and biome-scale C cycling without an effective methodology are substantial 

(Heathcote et al., 2015). 

The fundamental issue with both methods discussed here (BE25 and BE150) is the 

calculation of a contemporary OC burial rate via a historical sediment mean OC burial 

value that will either underestimate BE in increasingly productive lakes (e.g. those 

becoming more nutrient enriched) or overestimate it in lakes that are recovering from 

eutrophication (Fig. 3.5.). Therefore, here I propose adapting previous approaches for 
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assessing the OC burial in lakes that are in a state of trophic flux, by reducing the 

historical dependency in the sediment core mean value by using the 0 to 50-year mean 

(Fig. 3.2.; labelled BEDT & BENEP), using delivery of OC to surface sediment as 

estimated from a deep trap or surface sediment accumulation (BEDT) or epilimnetic 

export of OC as estimated by NEP respectively (BENEP). Using this time frame will 

reduce the historical dependency inherent in the BE150 method and capture the most 

recent lowered accumulation rates found in recovering lakes, addressing issues of the 

BE25 method. This new approach using surface sediment accumulation (BEDT) was 

applied to 36 stratifying (> 10 m maximum depth) European lakes known to have been 

impacted by nutrient enrichment over the last 100-150 years, extracted from the 

 

Figure 3.5. Burial efficiency (BE%) for 36 stratifying European lakes (> 10 m) that 

have been impacted by recent nutrient enrichment (data from Anderson et al. 2014). 

Three methods for BE% are calculated; this study’s BEDT (last 50 years of 

accumulation), 50 to 100-year sediment core mean representing the early/pre-impact 

BE, and the BE150 method (Sobek et al. 2009). All cores are 210Pb-dated and 

focussing-corrected. Rostherne Mere’s BE is marked with a red dot. Lakes >100% BE 

are those with net oligotrophic recovery in the last 50 years. See text for details. 
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dataset of Anderson et al. (2014; Fig. 3.5.). All these lakes have independently dated, 

focussing-corrected sediment records, with delivery to the sediment surface estimated 

from surface sediment accumulation rate. I argue that BEDT values are better 

estimates of true, current BE than those methods using historical sediment data from 

earlier (pre- or early impact) periods, with mean BEDT ~75% compared to ~40% using 

either sediment records from 50-100 years or 25-150 years ago (Sobek et al., 2009; 

Fig. 3.5.). For example, Kleiner Gollinsee is estimated to have an efficiency of 28.5% 

using the BE150 method, inexplicably low compared to BE of ~100% calculated from 

deep trap flux to sediment surface accumulation (Brothers et al. (2013). However, the 

BEDT method proposed gives BE as 70.7%, fitting within the range of other eutrophic 

lakes (Fig. 3.5.), and representing a more realistic value for contemporary BE.  

Similarly, Baldeggersee (Teranes and Bernasconi, 2000, Muller et al., 2012) is 

calculated with a BE of 41.8 – 48.1% (BEDT & BENEP, respectively), compared to BE150 

of ~23%. While these are relatively low figures compared to other such lakes (Fig. 

3.5.), this may be due to over-trapping within the sediment traps as the reported net 

export from the epilimnion in Baldeggersee in 1996 was 90 g C m-2 yr-1 (Muller et al., 

2012), compared to delivery to the sediment surface (via deep trap collection) of 103.5 

g C m-2 yr-1 (Teranes and Bernasconi, 2000). Over-trapping will underestimate BE (by 

overestimating production), which highlights the need for effective trap corrections, as 

mentioned previously. 

Rostherne Mere’s BE using this updated method is estimated as ~95% (BEDT; Fig. 

3.2.), and fits within the range of this larger dataset (Fig. 3.5.). Some lakes are shown 

to have a BEDT >100% (Fig. 3.5.), which are those that have undergone rapid 

oligotrophication at some point over the last 50 years, resulting in a higher mean 

organic carbon accumulation rate (OCAR) in the sediment core compared to the 

current sediment surface OCAR. To account for this, individual adjustments of the 

BEDT or BENEP methods can be made to quantify the rate of trophic recovery over 

different time scales, by adjusting the sediment core mean OCAR date range. This 

adjustment will generate an improved representation of the sediment core OCAR 

mean, enabling a more realistic BE to be calculated.   

This study has focused on a lake system dominated by autochthonous production and 

minimal terrestrial OC inputs. However, most of the world’s lakes are boreal systems 
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(Tranvik et al., 2009), and those with significant peatland, forest and organic rich soil 

in their catchments typically have high loadings of terrestrial DOC (Jonsson et al., 

2001, Sobek et al., 2007, Ferland et al., 2012), while temperate lowland lakes, such 

as Rostherne Mere, have much less (due to both the lack of such sources of terrestrial 

OC and the agriculture practised in the catchment). The BENEP method proposed in 

this study relies on autochthonous contribution representing the majority of total OC 

inputs to the lake, as such it will be susceptible to substantial overestimation of the 

total OC load. Therefore, research design for lake systems with a high terrestrial 

contribution must also consider that the BENEP may not be a suitable method to use 

without adding the estimate for the terrestrial OC component. This can be done 

through direct field study of major inflows and lake DOC and POC pools or utilising the 

literature to estimate load of OC. Below, I estimate terrestrial OC loadings to 

Rostherne Mere as a worked example of method alteration for systems with high 

terrestrial loading.  

The allochthonous loading of DOC from Rostherne’s catchment can be estimated from 

major river inflow and outflow concentrations from 2011-12 (Scott, 2014; 8 mg L-1 

DOC) and the inflow and outflow volumes measured in 2016 (see chapter 4) and up-

scaled to account for missing sources (Carvalho et al., 1995), plus a small amount 

released from the lake sediment (Scott, 2014), giving a total DOC loading of 3.67 g C 

m-2 if all DOC was sedimented to the lake floor. Terrestrial POC (TPOC) input is more 

difficult to estimate but there is consensus that loadings are less than for DOC (Worrall 

and Moody, 2014, Barry et al., 2016). Even if catchment losses are set as high as 50% 

of values for DOC, given significant mineralisation in transit to and while in the lake 

(Worrall and Moody, 2014), I conservatively estimate a TPOC loading of 6.88 g C m-2 

to the lake floor. Combining the DOC and TPOC values I estimate that terrestrial OC 

may account for 10.55 g C m-2 yr-1. This figure likely overestimates the contribution of 

terrestrial OC to the sediment traps and lake floor at Rostherne Mere as the lake is 

third in a chain in its catchment, which (though both smaller than Rostherne) would 

act both as sinks for TPOC and provide further opportunities for mineralisation. 

However, even if terrestrial OC loading was this significant at Rostherne Mere, there 

would only be a minor effect on the calculation of BENEP, as adding the terrestrial OC 

loading of 10.55 g C m-2 yr-1 to the NEP of 135.6 g C m-2 yr-1 would change the BE 

from 86.2% to 80.0%. 
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The BEDT method already accounts for terrestrial inputs as the deep trap collection will 

include all in-lake and terrestrial OC contributions. However, there must be a 

consideration of the relative importance of terrestrial OC inputs against resuspension 

in trap collections, especially during the winter high flow events (which are considered 

the dominant periods of terrestrial OC loading, as catchment runoff is at its highest). 

In this study the removal of the winter collection corrected for resuspension in the deep 

trap, a suitable correction in systems with low terrestrial OC inputs and high winter 

resuspension, like Rostherne Mere, as evident in the shallow and deep trap correction 

comparison (see Table 3.2.). Removal of this inter collection would also therefore 

preferentially remove terrestrial OC inputs and therefore underestimate the total OC 

input. To account for this discrepancy, an addition of the estimated terrestrial OC input 

during this winter period (as discussed above, based on catchment loading) could be 

included in the calculation. 

It is clear this updated approach will contain some error due to the continued 

diagenesis of OC in the upper sediment before permanent incorporation into the 

sediment archive (Galman et al., 2008) and thus (under steady-state production) will 

on some level overestimate the true burial efficiency. However, as mentioned above, 

this may be only a minor issue in deep seasonally hypoxic lakes, such as Rostherne 

Mere (this study), Baldeggersee (Teranes and Bernasconi, 2000) and Kleiner 

Gollinsee (Brothers et al., 2013), where OC mineralisation rates are already 

suppressed. In other lake systems (e.g. warmer, shallower, less prone to stratification) 

this overestimation may be larger and needs further examination. While no method in 

lakes that are changing rapidly will be perfect, the approach proposed here does at 

least recognise the role of recent lake ecosystem history and attempt to take this into 

account, and can improve the estimation of lake OC burial efficiency over previous 

approaches.  

 

3.5. Conclusions & implications 

Much of the current literature on the role of lakes in global C cycling assumes constant 

OC burial rates, but it is clear from the present study and others (Heathcote and 

Downing, 2012, Anderson et al., 2013, Anderson et al., 2014) that OC burial rates 

have fluctuated historically, increasing in lakes as they have become more eutrophic, 
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but also declining following recovery (Fig. 3.3.). It is evident that OC BE is subject to 

both the controls of preservation as well as production, and varies over a range of 

timescales, from seasonal to multi-annual and over longer timescales (decadal and 

centennial). Productive, stratifying lakes with seasonally anoxic hypolimnia also 

demonstrate that autochthonous OC, although labile, can be well preserved and 

buried in lake sediments over long time periods (Livingstone and Cambray, 1978, 

Livingstone and Reynolds, 1981).  

Future work requires the wider utilisation of long term lake monitoring programmes to 

understand further the extent to which seasonal, inter-annual and multi-annual 

variability and changing external stressors, such as nutrient loading and climate 

change, will have upon organic carbon dynamics in lakes, such as increasing 

terrestrial OC loading through hydrological and land use change. A greater 

appreciation of the variable nature of OC burial rates will improve our understanding 

of C cycling in the large (and growing) number of impacted, non-steady state lakes 

and give greater confidence to up-scaling models that estimate the role of lakes as 

important regional and global sinks of OC. Furthermore, changes in autochthonous 

production are a key control on historical patterns of OC burial and need to be 

considered for a deeper understanding and evaluation of the role of lakes in global C 

dynamics. 
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4. Nutrients and climate drive reduced nutrient load trajectories and 

ecological change in a deep stratifying eutrophic lake 

 

4.1. Introduction 

Eutrophication is a well-known problem in lowland freshwater catchments, with many 

in the last century receiving excessive nutrient loads from anthropogenic sources, 

such as wastewater effluent, agricultural runoff and other nutrient sources, leading to 

shifts in trophic state (Carpenter, 2005, Smith et al., 2006, Spears et al., 2012). As 

understanding of the catchment-scale issues developed, management intervention 

has attempted to reduce point source nutrient loads entering freshwater systems with 

the purpose of restoring surface waters to a good ecological status, as required by law 

across the EU for example (European_Commission, 2000).  

Previously, the oligotrophication trajectory of impacted freshwater systems has been 

predominantly focused on the management intervention of anthropogenic nutrient 

loading, with efforts successful in some lakes, especially those that are shallow flush 

quickly, while others have been slow to respond (Jeppesen et al., 2005, Jarvie et al., 

2013b, Zamparas and Zacharias, 2014). Understanding why in-lake nutrient reduction 

is delayed in some instances has become a crucial issue for management research, 

with a need to understand the most suitable long-term approaches and the necessity 

of setting realistic recovery targets becoming of great importance, because the cost of 

mitigating the impacts of eutrophication for any single system is large and for multiple 

lakes therefore, prohibitive (Pretty et al., 2003). Therefore, assessment of long term 

management applications in systems that are known to show a delayed recovery 

trajectory is of great interest, not just limnologically, but also to appreciate the impact 

of management intervention over a broader timescale and inform future management 

initiatives for continued recovery.  

However, it is becoming increasingly clear that climate change is impacting the 

physical limnology of many deep, stratifying lake systems across the globe through 

warming and changes in seasonal precipitation (Dokulil et al., 2006, Williamson et al., 

2009b, Verburg and Hecky, 2009) and stratification timing adjustment (Thackeray et 

al., 2008, Meis et al., 2009). Gradual changes to physical limnology in turn can alter 
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the cycling and availability of nutrients, having an influence on biological uptake and 

algal bloom development, re-directing the trophic pathway of recovering lake systems.  

This study re-examines the recovery status of Rostherne Mere 25 years after sewage 

effluent diversion, and uses an updated P budget to examine two drivers of change; 

oligotrophication driven by nutrient load change and oligotrophication driven by 

physical limnological change from climatic forcing. To do this, newly collected nutrient 

and phytoplankton data from 2016, equivalent to those collected in 1990-2002 

(Carvalho et al., 1995, Moss et al., 2005), were combined with high resolution 

hydrological monitoring of lake inflow and outflow, to update the nutrient budget for P 

(and catchment loading of dissolved inorganic nitrogen, DIN) in the contemporary lake 

system and compare these to previous budgets, for assessing the recent lake 

oligotrophication. Furthermore, physical limnological and hydrological changes on 

epilimnion nutrient flushing and availability are assessed for their impact on primary 

(algal) production, using high resolution hydrological and limnological monitoring from 

2016. Changing timing (onset and overturn) and duration of stratification over the last 

~50 years may shed light on the importance of climate change as a driver of physical 

limnology for seasonal nutrient availability in deep, eutrophic stratifying lakes.    

 

4.2. Methodology 

Climate and lake temperature data 

Air temperature, wind speed and precipitation data were taken from the closest reliable 

meteorological station (Manchester Airport, UK; situated 7.4 km north-east of 

Rostherne Mere), with wind speed at the airport (VMA) corrected for local sheltering 

(VRM) through comparison to the available partial study period wind speed data from 

the UK Lake Ecological Observatory Network project buoy (UKLEON; see 

http://www.ceh.ac.uk/our-science/projects/uk- lake-ecological- observatory-network-

ukleon; comparable daily data from February 2013 to January 2017; correction factor 

of VRM = 0.55VMA - 0.12, R2 = 0.82, n = 1417, p < 0.001). Additionally, the UKLEON 

buoy measures various in-lake parameters (e.g. temperature profiles, chlorophyll) and 

lake-surface meteorological variables at high resolution (every 1 minute) with data 

uploaded in real-time. This provided daily average water column temperatures since 

2010, from thermistor readings at 2 m intervals from 2 m to 24 m depth in a central 



60 
 

lake location (Fig. 2.1.). The date of stratification onset was taken as the day a >3% 

difference in epilimnion and hypolimnion temperature develops and is maintained 

throughout the summer, with stratification end taken as the first day the difference in 

epilimnion and hypolimnion drop to a <3% range. 

Sample collection and analysis 

Two 250 ml water samples were collected for nutrient analysis into new PTFE sealable 

bottles approximately every 3 weeks for each sampling location from January 2016 to 

January 2017. Sampling locations included Rostherne Brook (main inflow, 250 m 

upstream from the lake), Harper’s Bank Spring (ground water inflow), Blackburn’s 

Brook (outflow, 350 m downstream from the lake) and surface water samples from a 

central lake location, with multiple water column depth samples (6 m, 12 m, 18 m and 

24 m) added to the collection programme from September 2016 (Fig. 2.1.). 

Additionally, an 8 m integrated water column sample from the central lake location 

(Fig. 2.1.) was collected into two opaque 500 ml bottles and two opaque 250 ml bottles, 

with 2 ml of Lugol’s iodine added to each 500 ml bottle to preserve phytoplankton for 

identification. All samples were sealed and placed in a cool box for transport back to 

Loughborough University. Secchi depth was recorded at this central lake location 

during each visit.  

On the same day as collection, one of the 250 ml water samples per site was frozen 

as collected, with the other filtered using GF/F filter paper (0.45 μm) before being 

stored frozen. Periodically (~2 month intervals) samples were shipped to an external 

certified laboratory (National Laboratory Service, UK) for orthophosphate (i.e. soluble 

reactive phosphate, SRP), DIN and total P (TP) nutrient analysis.  

Nutrient budget and water residence time 

There was no relationship between discharge (inflow and outflow) and nutrient 

concentration (TP, SRP and DIN; data not shown) as inflow concentrations are 

controlled by seasonal nutrient cycling of the upstream lakes. Therefore, discharge 

into and out of Rostherne Mere was estimated by measuring the cross-sectional profile 

and sectional velocities for a range of stage heights for both inflow (Rostherne Brook) 

and outflow (Blackburn’s Brook) at the water sampling points. This discharge/stage  
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Figure 4.1. Climate and stratification timing data. a-c) Annual (solid black line) and 

quarterly (dashed black line) climate and meteorological data at Rostherne Mere over 

the last 43 years, including the 43 year regression line (dashed red line), for a) average 

air temperature, b) total precipitation, c) average wind speed. d) stratification onset 

(red triangles) and overturn dates (black circles) including regression lines (onset = 

dashed red line, overturn = solid black line), with data from 1973 - 1988 taken from 

Reynolds and Bellinger (1992), 1991 from Carvalho (1993) and 2006 - 2016 from the 

UKLEON thermistor data.  

 

relationship was then applied to continuous stage height recordings taken throughout 

the study period (Jan 2016 – Jan 2017) from the inflow and outflow using a Van Essen 

mini-diver data logger (www.vanessen.com), recording water pressure every 5 

minutes corrected to changes in air pressure by a barometer located in the boat house 

(Fig. 2.1.). Application of the measured discharge to stage relationship to the mini-
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diver data provides a high-resolution total discharge measurement for both the inflow 

and outflow. Total nutrient fluxes were calculated by applying a daily nutrient 

concentration estimate through linear interpolation between two sample dates. The 

estimated daily nutrient concentration was then multiplied by monitored average daily 

flow rate to provide a total inflow and outflow load of each nutrient on a daily basis 

(SRP, TP, DIN). Loadings from the 21% of the lake catchment not drained by the inflow 

(“catchment north drainage” and “catchment north groundwater”) were estimated 

using the same methods as Carvalho et al. (1995), with estimation of cormorant bird 

roost nutrient inputs kept the same as 1992 estimates in the absence of evidence to 

suggest substantial changes in lakeside cormorant activity. 

The TP budget was calculated using a mass balance equation as in Carvalho et al. 

(1995), with flux balance as follows: 

Output = external inputs ± internal sources/sinks - ∆lake storage    (eqn. 4.1.) 

The internal sources represent the legacy sediment release of P in the hypolimnion 

and the sinks include sedimentation of particulate matter. The internal source/sink 

contribution was calculated by balancing eqn. 4.1.  

The standard outflow method for water residence time (WRT) was estimated as the 

annual outflow discharge (8.33·106 m3 yr-1) against the total lake volume (6.85·106 

m3). As the lake is strongly seasonally stratified (following the classic monomictic 

pattern), a second, adjusted WRT for the mixed part of the water column (WRTm) was 

calculated. This is the monthly average outflow rate against the monthly available 

mixed lake volume (during the stratified period from April to November, this is the 

epilimnion, but during the mixed period from December to March, this the entire lake; 

UKLEON buoy data was used for stratification timing estimation for the years 2010 to 

2016).  

Chl-a and phytoplankton data collection 

Chl-a analysis took a standard spectrophotometer approach. Pigments were extracted 

from filtered water samples using an 80% acetone solvent (Sartory and Grobbelaar, 

1984), centrifuged and analysed using a spectrophotometer, with recordings taken at 

wavelengths of 750 nm, 665 nm, 645 nm and 630 nm. Chl-a was calculated using eqn. 

4.2.: 
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chl-a = (11.85 x (665nm – 750 nm) – 1.54 x (645 nm – 750 nm) – 0.08 x (630 

nm – 750 nm)) x 8 / 0.25                                                                      (eqn. 4.2.) 

Samples were kept away from direct light throughout.  

Phytoplankton analysis was conducted through the concentration of the total 1 L 

sample to 50 ml through a sequence of settling procedures. The concentrated sample 

was then well mixed and a measured 1 ml sub-sample was extracted and placed on 

a gridded cell (Sedgwick-Rafter cell) for identification and absolute abundance counts 

under an inverted microscope at 400x magnification (Lund et al., 1958), counting all  

Figure 4.2. Estimated daily SRP (a) and N (b) concentrations for the major inflow, lake 

(epilimnion) and outflow. Analysis detection limits <10 µg SRP L-1 and <200 µg N L-1, 

samples below detection values set as 10 µg or 200 µg, respectively. DIN:DIP (molar 

weight) ratio (c) with optimal Redfield ratio (16:1) reference line (dotted line). 
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Figure 4.3. Epilimnion integrated samples total algal cells present (including triplicate 

count error bars for samples 4, 8, 12 and 16), chl-a concentration and measured 

Secchi depth. 

 

algae present within a cell grid. Filaments of Aphanizominon spp., colonies of 

microcystis spp. And cells of all other algae were counted. Four of the initial 16 algal 

samples were counted in triplicate to allow an estimate of sample reproducibility and 

count variation error (±15% total number of cells).  

 

4.3. Results 

Climate and meteorological data 

Air temperature, precipitation and wind speed varied seasonally during the past 43 

years (Fig. 4.1.). Air temperature showed seasonal and inter-annual variability, with a 

warming trend present (+0.72 ⁰C between 1973 and 2016; y = 0.02x - 23.99, R² = 0.14, 

p < 0.001; Fig. 4.1a). Precipitation varied greatly, with successions of drier and wetter 

years, with a trend towards increasing annual precipitation since 1973 (+62 mm 

between 1973 and 2016; y = 1.48x - 2290.5, R² = 0.04, p < 0.001; Fig. 4.1b). Wind  



65 
 

Figure 4.4. Synthesis of published data for deep lake systems (n=398) undergoing 

oligotrophic recovery (Cattaneo et al., 1998, Hansson et al., 1998, Guildford and 

Hecky, 2000, Jeppesen et al., 2005, Langdon et al., 2006) including this study. Annual 

average TP against annual average chl-a (a) and summer average TP against annual 

average chl-a (b). Reference lines represent linear regression line and 99% 

confidence intervals. Red triangle represents Rostherne Mere.        

 

highlighting the sheltered position the lake sits in (~45% lower wind speed on the lake 

compared to Manchester Airport).  

Physical limnological data 

The UKLEON thermistor data show stratification onset and overturn date during the 

last 10 years has varied year to year (Fig. 4.1d) and comparison to stratification timings 

in Reynolds and Bellinger (1992) and Carvalho (1993) confirm stratification onset has 
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frequently ranged from early-March to mid-April. The stratification overturn date is 

shown to have become gradually later in the year (y = 1.27x - 2240.5, R² = 0.84, p < 

0.001), extending the total time of stratification at Rostherne Mere by ~40 days over 

the past 43 years (y = 1.07x - 1918.9, R² = 0.66, p < 0.001; Fig. 4.1d). 

The WRT estimated in this study (0.82 years) suggests Rostherne Mere flushes 

quicker than was previously thought (estimated as 1.6 - 2.4 years; Harrison and 

Rogers, 1977, Moss et al., 2005). Furthermore, the mixed lake WRT (WRTm) that 

takes account of the strong stratification for 8.5 months (mid-March to end-November) 

which limits the available lake volume for outflow export, increases the summer 

flushing rate to an annual estimate of 0.57 years (Table 4.1.), suggesting the 

epilimnion will flush completely during stratification (7-8 months, ~0.65 yr). The 

discrepancy in residence time to previously published estimates is thought likely due 

to the availability of increased flow data frequency undertaken in this study (with stage 

height intervals measured every 5 minutes) compared to that of previous studies (~2 

week intervals with correlation to daily precipitation). Comparison of the precipitation 

values for the two study periods show the 2016 precipitation was ~10% higher than 

1990-92 (1990-92 = 630 mm yr-1, 2016 = 693 mm yr-1; Fig. 4.1b), which may result in 

a slightly faster flushing rate for 2016 but does not explain the difference present here. 

2016 nutrient cycling and algal assemblages 

At the beginning of 2016, lake P and N concentrations were high (>150 µg L-1 SRP 

and >1000 µg L-1 DIN; Fig. 4.2.), with in-lake SRP concentration being diluted by the 

inflow although inflow N concentrations are substantially higher (<50 µg L-1 SRP 

and >1300 µg L-1 DIN; Fig 4.2.). Nutrient draw-down from the spring diatom bloom 

(predominantly Asterionella formosa Hassall, Fig. 4.3.) and the early summer 

cyanobacterial blooms (predominantly Aphanazomenon and Anabaena, Fig. 4.3.) 

utilises the available P & N within the mixed part of the lake (epilimnion), which is 

rapidly being flushed out of the lake and diluted by the reduced inflow nutrient 

concentrations, consequently reducing levels to near (or below) detection limits by 

mid-June (Fig. 4.2a and 4.2b). The faster reduction in June SRP concentrations (Fig. 

4.2a) compared to the DIN concentrations (Fig. 4.3b) results in a high DIN:DIP 

Redfield ratio (maximum 88:1; Fig. 4.2c), before DIN reduction later in the summer 

reduces the ratio to values slightly above the optimal Redfield ratio until mid-October.  
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The phytoplankton summer maxima (25.8 µg chl-a L-1; Fig. 4.3.) is potentially limited 

by the available summer P, with summer P to chl-a production consistent with other 

similar lake systems (Fig. 4.4b), despite the much higher annual P to chl-a values (Fig. 

4.4a). The shift from high annual P:chl-a to an expected summer P:chl-a relationship 

highlights the effective nutrient flushing mechanism evident in the WRTm estimations 

(Table 4.1.), reducing the high concentrations early in the year to those typical of the 

inflow. Therefore, in the absence of significant mixing with the hypolimnion (Fig. 4.5.), 

late-summer algal growth is sustained by the inflowing SRP load. Secchi depth 

correlates to chl-a and algal biomass, highlighting the changing light climate in the lake 

with an increase of spring and summer production leading to increased light shading 

despite more incident sun insolation in the summer (Fig. 4.3.).  

Concentrations of N from the inflow were regularly higher than the lake and outflow 

concentrations (Fig. 4.2b). Conversely, monthly concentration of SRP in the inflow was 

substantially below that of both the lake and outflow, with one short period when inflow 

SRP concentration was higher than outflow in early July, and higher inflow 

concentration compared to lake concentrations between mid-June and October (Fig.  

Table 4.1. 2016 monthly and annual water retention time using revised method 
(WRTm) of available lake volume over outflow rate. 

Revised WRT method 

Month 
Available 

volume (L ∙ 109) 
Outflow rate  

(L per month ∙ 108) 
Monthly WRT (yr) 

January 6.85 7.45 0.92 

February 6.85 6.96 0.98 

March 4.69 3.43 1.37 

April  2.67 3.66 0.73 

May 2.82 6.18 0.46 

June  2.97 6.20 0.48 

July  3.12 6.68 0.47 

August  3.27 6.84 0.48 

September  3.41 6.37 0.54 

October  3.71 6.35 0.58 

November  4.31 7.07 0.61 

December  6.85 8.24 0.83 

Annual totals 4.29 75.4  

WRTm (yr) 0.57  



68 
 

Figure 4.5. Internal concentration of SRP building in the hypolimnion during 

stratification and released into the whole water column upon stratification overturn in 

2016. White dots represent sampling points. White line represents thermocline depth 

estimated using UKLEON daily thermistor data.  

4.2a). With consistently higher outflow compared to inflow, the net export of P (635 kg 

TP; Table 4.2.) is driven by internal loading, with a large store of P developing during 

stratification in the hypolimnion (maximum >800 µg SRP L-1 in deepest water; Fig. 

4.5.) and dispersed throughout the water column at stratification overturn, replenishing 

the system to high concentrations once more for the following year (~250 µg SRP L-1; 

Figs. 4.2a and 4.5.). The outflow N and P concentrations were often greater than the 

epilimnion (Fig. 4.2.) due to the impact of an additional water source contributing 

nutrients from the catchment between the lake and the site of outflow sampling. This 

additional source is most notable in November with an inflow and outflow DIN peak, 

showing the impact of the localised catchment source in these water courses.  

Updated Rostherne Mere phosphorus budget 

With the faster WRT estimate in this study compared to previously published records, 

it can be assumed the previous nutrient budget calculations for the inflow and outflow 

were substantially underestimated. Therefore, the previous budget from 1990-92 was 

adjusted by comparison of 2016 measured flow data to flow data provided in Carvalho 

(1993) and corrected for the higher precipitation in 2016, which suggests a x1.73 factor 

difference to account for the increased flow rates. This correction increases the TP  



 

 

 

 

Table 4.2. Total phosphorus budget for Rostherne Mere. Values in kg, except loads in kg day-1. 1990 to 1992 data taken from 
Carvalho et al. (1995). A correction of inflow x1.73 based on comparison of water budgets from this study and Carvalho (1993). 2016 

direct rainfall, catchment north drainage and catchment north groundwater all calculated as Carvalho et al. (1995), with bird roost 
estimate using the same value as 1992. Percentage of external input contribution in parenthesis.  

Period Days Inflow 
Inflow 
load 

Catchment 
North 

drainage 

Catchment 
north 

groundwater 

Direct 
rainfall 

Bird 
roost 

Total 
inputs 

Δ P 
lake 

Out 
flow 

Outflow 
load 

Balance 

5/2/90 - 
14/5/91 

377 
2250 
(96) 

6.0 55 (2) 7 (0) 21 (1) 23 (1) 2356 -100 1830 4.8 -626 

23/7/91 - 
21/7/92 

365 
504 
(85) 

1.4 42 (7) 5 (1) 19 (3) 20 (3) 590 -345 1990 5.5 +1055 

5/2/90 - 
14/5/91 
(WRT 

corrected) 

377 
3893 
(97) 

10.4 55 (1) 7 (0) 21 (1) 23 (1) 3999 -100 3166 8.3 -933 

23/7/91 - 
21/7/92 
(WRT 

corrected) 

365 
872 
(91) 

2.4 42 (4) 5 (1) 19 (2) 20 (2) 958 -345 3443 9.5 +2140 

14/1/16 - 
4/1/17 

356 
864 
(88) 

2.4 49 (5) 5 (1)  21 (2) 20 (2) 959 +178 1416 3.9 +635 



Figure 4.6. Seasonal nutrient, nutrient ratios and chl-a values at Rostherne Mere 

during the last 25 years. Data sources include Carvalho et al. (1995), Moss et al. 

(2005), Environment Agency and this study, with independent SRP data from 2010-

12 confirming data reliability from D. B. Ryves. Dashed red line in ‘c’ signifies SRP. 

Asterisks signify unavailable data.  

 

loading to the lake pre-STW diversion (933 kg TP; Table 4.2.) and the net export post-

STW diversion (2140 kg TP; Table 4.2.). I use these corrected figures hereafter. 

In comparison, the 2016 nutrient budget showed an almost identical TP external 

source total input as the post-STW diversion values in 1991-92 (1991-92 total external 

inputs 958 kg TP, 2016 total external inputs 959 kg TP; Table 4.2.), dominated by the 

inflowing load from the Rostherne Brook catchment (88-91%; Table 4.2.). These post-

STW values are substantially reduced from the pre-STW diversion external inputs 

(1990-91 total external inputs 3999 kg TP; Table 4.2.), driven by inflow load (97% total 

external inputs; Table 4.2.). The outflow load between 1990-91 and 1991-92 did not  
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Figure 4.7. Maximum annual cyanobacteria populations for the three most abundant 

species. 1990s data taken from Moss et al. (2005), with 2016 data from this study. 

 

fall in the same way as the inflow load, however, by 2016 the outflow load had 

substantially decreased (1991-92 outflow 3443 kg TP, 2016 outflow 1416 kg TP; Table 

4.2.), resulting in a reducing net TP balance (i.e. loss of TP to the system, 1991-92 

balance +2140 kg TP, 2016 balance +635 kg TP; Table 4.2.).  

Nutrient, chl-a and phytoplankton change over the last 25 years  

Following STW diversion upstream of Rostherne Mere, the concentration of in-lake P 

(TP and SRP) declined rapidly for approximately 11 years, with values stabilising to 

current levels (annual average ~160 µg P L-1; Fig. 4.6c) from ~2002, the end of the 

study period considered by Moss et al. (2005). With a reduction in the external TP 

loads following STW diversion (Table 4.2.), the annual replenishment of P at 

Rostherne Mere has been driven by internal sediment P loading, as evident in the 

2016 water column TP profile (Fig. 4.5.). DIN showed seasonal peaks and troughs 

with no long-term trend in concentration change following STW diversion (Fig. 4.6b). 
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A trend of increasing DIN:DIP ratios highlights the stable DIN and decreasing P 

concentrations, with values over the last 25 years increasing from those suggestive of 

N limitation in the 1990s to those suggestive of P limitation, especially in the summer 

for some years (e.g. 2002-2004 and 2016; Fig. 4.6d). Chl-a showed annual peaks 

each summer, yet no change of note is seen in the 2016 data compared with the 1990s 

and early 2000s (mean annual chl-a: 1990-2003 = 15 µg L-1, 2016 = 13 µg L-1; Fig. 

4.6a). However, long term trends in the chl-a data were difficult to assess due to a 

large period (2003-15) when data were not available.  

Cyanobacterial summer blooms initially following STW diversion in 1991 showed a 

rapid decline in Microcystis spp. (Fig. 4.7c), a gradual decline in Anabaena spp. (Fig. 

4.7b), and a consistent presence of Aphanizomenon spp. with two years of high 

abundance (1996 and 1998; Fig. 4.7a). Phytoplankton collections in 2016, showed 

summer phytoplankton communities still include the same cyanobacterial species at 

abundances consistent with earlier observations (Fig. 4.7.).  

 

4.4. Discussion 

Nutrient driven change: updated phosphorus budget 25 years post-STW diversion 

To test the nutrient driven change, an updated nutrient budget for the Rostherne Mere 

catchment was calculated and the 25 year data set assessed for trends of change.  

The P budget for Rostherne Mere calculated by Carvalho et al. (1995), likely 

underestimated the inflow and outflow of nutrient loads. High-resolution 5-minute 

stage height data collected during 2016 indicates the main inflow and outflow of the 

lake to have a high flow range. Therefore, previous water budget calculations without 

this high-resolution data have likely missed the variable flow at the lake, and have 

underestimated the nutrient load, by about 75%. Without correction of the previous 

nutrient flow values, the nutrient budget suggests the inflowing P load would have 

increased between 1992 and 2016 (Table 4.2.), which is unlikely given the history of 

continued action in the catchment to reduce agricultural nutrient inputs. However, the 

corrected nutrient loads show an identical inflow load as that estimated in 1992 (2.4 

kg day-1; Table 4.2.). Although the correction factor is an estimate based on single 

year’s WRT with a ~10% higher total annual precipitation, without considering the 
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influence of catchment saturation and run off rates (Moore, 2007, Marchi et al., 2010), 

it results in a similar estimation of catchment P loading following STW diversion, 

suggesting it is plausible.  

The TP mass balance changes between pre-STW diversion, immediately post-STW 

diversion and 25-years post-STW diversion highlight the dynamic response of 

Rostherne Mere to management intervention (Table 4.2.). There was a rapid reduction 

in external TP load following STW diversion (3999 kg pre-STW diversion to 958 kg 

post-STW diversion; Table 4.2.), which has been sustained to present day with 

continued catchment management (959 kg; Table 4.2.). However, following STW 

diversion, the outflow load did not decrease in the same way as the inflow load, 

remaining at a similar value to the pre-STW diversion loads (3166 kg export pre-STW 

diversion, 3443 kg export post-STW diversion; Table 4.2.). This is a relic of the high 

lake nutrient load already in situ, leading to a higher net export of TP from the lake as 

seen in the change in lake value (-345 kg; Table 4.2.).  

A key change in Rostherne Mere’s P budget following STW diversion was the 

reduction of total inputs, yet a stable outflow load (Table 4.2.). Pre-STW diversion, 

Rostherne’s TP balance suggests a large net burial of TP (-933 kg in 1990-91; Table 

4.2.), yet following the reduction of inflow load post-STW diversion, the budget 

suggests a net loss from the system, initially very high (outflow load +2140 kg in 1991-

92; Table 4.2.) but falling to a smaller, yet still substantial, net loss in more recent years 

(+635 kg in 2016; Table 4.2.).  

The consistent export of P from Rostherne Mere since STW diversion is a result of the 

internal sediment P release that has replenished the lake P values annually at 

stratification overturn (Fig. 4.5.). This study finds during stratification in 2016 an 

accumulation of legacy P (maximum concentration >800 µg L-1; Fig. 4.5) developed in 

the hypolimnion, while concentrations in the epilimnion dropped below detection levels 

(Fig. 4.3.a). As in many other such eutrophic and stratifying lakes, upon stratification 

overturn, the large legacy P load is diluted across the whole lake, replenishing 

available P and increasing lake SRP concentration to ~250 µg L-1 (Fig. 4.2a), a 

common issue for lake management in deeper, stratifying lakes during 

oligotrophication (Jeppesen et al., 2005, Sharpley et al., 2013). Sediment P release in 

Rostherne Mere is high due to the strong stratification and anoxic conditions for a long 
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time period (~8.5 months thermal stratification with anoxia within ~3 weeks of 

stratification onset; Scott, 2014), with anoxia promoting the sediment release of iron-

bound P for replenishment into the water column (Nurnberg, 1984). This 

morphometrically-enhanced anoxic release, linked with a long history of eutrophication 

sedimenting large quantities of P-rich organic matter for over a century (see chapter 

3; Radbourne et al., 2017), means there is a large accumulation of P in the sediment 

that can be released over a long time-frame. From a management intervention 

perspective, the consistent net export of P since STW diversion, although serving the 

purpose of reducing in lake TP for lake recovery, will have significant implications for 

regional eutrophication problems downstream of the lake and nutrient flux to the 

coastal zone (Zhang et al., 2012, Soranno et al., 2015, Buquet et al., 2017).   

In their study reviewing the initial 11 years following STW diversion at Rostherne Mere, 

Moss et al. (2005) showed after an initial 2-year increase in maximum P values, likely 

due to the impact of catchment disturbance from the STW diversion (i.e. engineering 

groundworks in the catchment), a rapid decline in in-lake P values followed, with the 

rate slowing towards the end of the study in 2002 (Fig. 4.6c). This study suggests the 

slowdown in recovery witnessed previously was the start of a stabilisation of in-lake P 

concentrations, with annual P replenishment sustained by the internal sediment legacy 

P (Fig. 4.5.). The stabilisation of in-lake P concentrations shortly after the diversion of 

the major point source nutrient load is a concern for management practitioners. While 

the recovery from extremely high P concentrations pre-STW has been successful, with 

a reduction in total external inputs from 3999 kg in 1990 to 959 kg in 2016 (Table 4.2.), 

further reductions in nutrient concentrations have not happened, leaving Rostherne 

Mere still classified as highly eutrophic and far outside management targets. Yet, this 

is not an unusual scenario, with other deep stratifying lake systems undergoing 

managed catchment nutrient recovery having shown a comparable stabilisation of 

annual in-lake P concentrations, similarly driven by major internal legacy source 

contributions (Jeppesen et al., 2005, Jarvie et al., 2013b), far above target levels.  

The 25-year DIN concentrations at Rostherne Mere show no trend of change following 

STW diversion (Fig. 4.6b). Therefore, with a reduction in P over this time (Fig. 4.6c) 

there has been a shift in the DIN:DIP ratio (Fig. 4.6d), from the previously suggested 

potential for N limitation (i.e. 1990-1994; as previously suggested by Moss et al., 

1997), to a potential summer P limitation, especially in certain years (i.e. 2002-04 and 
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2016; Fig. 4.6d). This change in available nutrients during the summer months can 

directly influence the lake phytoplankton assemblage causing cascading impacts 

across the lake ecosystem. At Rostherne Mere a change in algal community is evident 

with the abundance of Anabaena spp. and Microcystis spp. blooms (Fig. 4.7.) declining 

in line with the reducing lake P concentrations (Fig. 4.6.), as has been found in other 

experimental and observation studies (De Nobel et al., 1997, Downing et al., 2001, 

Ghaffar et al., 2017). However, chl-a showed little change over this time (Fig. 4.7.), 

possibly due to the impact of climate change offsetting the decline driven by nutrients 

as has been found in other systems such as Loch Leven (Carvalho et al., 2012). 

Reynolds and Bellinger (1992) suggested that a reduction in light as an influence of 

self-shading from high biovolume production, has an important limiting effect on 

summer algal blooms in Rostherne Mere, especially for Microcystis. However, this 

study was conducted during the time of extremely high nutrient concentrations in the 

1970s and 1980s, when total algal biovolume production was higher (evident in higher 

organic carbon burial rate in chapter 3; Radbourne et al., 2017) and nutrient depletion 

(of P) would not have been a potential limiting factor. During 2016, secchi depth results 

do not show any relationship to changing abundances of phytoplankton species (Fig. 

4.3.), therefore is unlikely to still be a major driver of species limitation in Rostherne 

Mere.  

In summary, the diversion of the STW nutrient load from Rostherne Mere resulted in 

a nutrient driven change in lake system functioning throughout the 1990s and early 

2000s, through reduced summer and autumn epilimnion P concentrations, altering the 

DIN:DIP ratios from an N limitation to a predominant summer P limitation, adjusting 

the seasonal dominance present in the summer cyanobacterial blooms. However, 

from ~2003, the total annual nutrient concentrations have stabilised with a slight return 

to a predominant N limitation, yet with changes in seasonal nutrient availability and 

algal communities there are instances of P limitation (e.g. 2016), suggesting 

Rostherne to be in a quasi-stable state (see chapter 5).   

Climatic driven change: the impact of increasing flushing efficiency 

There is evidence that climate has driven physical limnological change altering the 

stratification and flushing rates within the lake. Rostherne Mere during the last 43 

years has undergone warming, and like many other lakes globally (Williamson et al., 
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2009b) has dynamically responded to this warming through physical limnological 

change. Predominantly, Rostherne Mere’s stratification has extended through a delay 

in the autumnal overturn date. Changing stratification timing is a common feature 

under global warming for deep freshwaters, with previous studies showing a change 

in timing as stratification onset becomes earlier in the year (Thackeray et al., 2008, 

Meis et al., 2009) and an increasing duration of stratification (Liu et al., 2014, 

Izmest'eva et al., 2016).   

As mentioned above, the flushing rate of Rostherne Mere is much faster than was 

previously thought, to the extent that stratification is longer than the WRTm (i.e. 

available water column flushing rate), thus the lake has the potential to completely 

flush the epilimnion each summer. Therefore, with the reduced nutrient (P) 

concentrations in the inflow following management intervention, there is the potential 

for P limitation in late summer. Additionally, an increase in stratification length, as a 

result of climatically forced change, will extend the period of nutrient depletion, altering 

the cycling and availability of nutrients during the latter (autumn) growing season and 

impacting lake ecology.  

The 2016 monitoring data highlight the importance of nutrient flushing at Rostherne 

Mere, with high early year concentrations being diluted by flushing out of the system 

and algal uptake. Nutrient draw down and flushing is substantial, with the available P 

concentration falling rapidly (DIN remains higher due to inflow load replenishment), 

resulting in a spike in the DIN: DIP ratio. The rapid reduction of available P in the 

epilimnion over summer is shown to impact algal development and timing, with 

cyanobacterial blooms of Aphanizominon spp. and Anabaena spp. beginning while the 

DIN:DIP ratios are near optimal Redfield ratios, yet ending when the ratio exceeds 

~30:1 due to a reduction in the available P.  

The process of Rostherne Mere becoming P limited during 2016 is driven largely by 

the importance of the efficient flushing rate and low concentrations of P in the managed 

inflow. Comparison of the sizable range in TP concentrations at Rostherne Mere to 

other similar lakes highlights the remarkable drop in of TP in the epilimnion in the early 

part of the year (Fig. 4.4.). Annual average chl-a values are below those expected 

when assessed against annual average TP concentrations (i.e. including winter high; 

Fig. 4.4a), yet fall within an expected range when only the available summer TP 
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concentrations are included (Fig. 4.4b), supporting the inference of nutrient dilution 

from increased flushing rates (i.e. disparity of high annual and low summer TP 

concentrations) and potential summer TP limitation (i.e. fitting within expected summer 

TP to chl-a ratio).  

The findings of this study have major implications for other stratifying, eutrophic lakes 

given future climatic projections. If the current projections of climatic warming come to 

pass (Murphy et al., 2009), it will have a direct impact on Rostherne’s physical 

limnology (Williamson et al., 2009b), resulting in a change in stratification timing and 

length that will lead to longer summer and autumn periods of nutrient depletion, as has 

been seen in this study. Lakes that have shown an inclination to alter to an earlier 

onset of stratification, such as Windermere (Thackeray et al., 2008), will flush and 

utilise the available nutrient loads earlier in the growing season, resulting in greater 

limitation of summer algal blooms, potentially causing cascading effects on ecological 

succession. Lakes that tend to extend their stratification later into autumn, as seen at 

Rostherne Mere in this study, will show a longer depletion of available nutrients later 

into the year, delaying autumnal blooms (e.g. diatom blooms) potentially to an extent 

where other factors such as ambient (seasonal) light may become an important factor 

in limiting bloom development.  

In summary, climate has impacted Rostherne Mere’s physical limnology over at least 

the last 43 years, shifting the timing and length of stratification, resulting in an 

adjustment of the nutrient cycling and availability, which in turn has impacted the 

seasonal ecological production, causing changes in the algal bloom size, timing and 

dominance.     

 

4.5. Conclusions 

Nutrient loads have long been understood to have a key role in driving ecological 

change and this assumption is found to be correct here too. Yet this study also 

demonstrates that climate change is also having an impact on deep, stratifying 

eutrophic lakes, especially those undergoing catchment management intervention 

such as Rostherne Mere, with climate altering the physical limnology and flushing 

patterns, influencing the cycling and availability of nutrients for biological uptake. The 

climatic influence on the lake ecology, although potentially having an impact for 
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decades, is only clearly evident since nutrient load stabilisation following STW 

diversion, with the large nutrient concentration reduction being the major driver of 

change initially following management intervention. 
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5. Climate perturbations modulate planktonic diatom communities and 

phenology in a reduced nutrient loading deep lake 

 

5.1. Introduction 

Anthropogenic activity and climate change are altering aquatic ecosystems globally. 

Human impacts have driven lake systems into potentially irreversible state change 

(Butzer, 2015, Mills et al., 2017), with nutrient loading causing whole ecosystem 

change in many lake systems (Jeppesen et al., 2005, Moss et al., 2005, Anderson et 

al., 2014). More recently the impacts of climate, together with nutrient enrichment (or 

reduction: oligotrophication), has been increasingly cited as a major cause of further 

change (Thackeray et al., 2008, Battarbee et al., 2012, Flaim et al., 2016). Gradual 

(decadal-scale) climatic warming and greater variability in seasonal weather extremes, 

are both leading to rapid changes in physical and ecological state in aquatic systems 

across the globe, especially those that have become progressively more sensitive 

from historical nutrient loading, (Ruhland et al., 2015, Yamoah et al., 2016, Bertani et 

al., 2016). The increasing frequency and intensity of climatological and meteorological 

extreme variability (Easterling et al., 2000, Ekstrom et al., 2005, Jones et al., 2013) is 

being reflected in freshwater systems, adjusting thermal regimes and physical 

processes (such as stratification), in turn causing shifts in planktonic ecological 

organisation (Hausmann and Pienitz, 2007, Meis et al., 2009, Kirilova et al., 2011, 

Elliott, 2012b). Therefore, if the trend of increased climatic perturbation continues 

throughout the 21st century, it is important to understand how lake systems will 

respond dynamically from both ecological and management perspectives (Battarbee 

et al., 2012, Bertani et al., 2016). 

Diatoms as an algal group are a well-used biological proxy for ecological and physical 

change in lake systems and provide key insight into patterns of primary production 

critical for lake ecosystem functioning (Battarbee et al., 2001). These ubiquitous 

ecological indicators show strong species response to changes in their environment 

(Smol and Stoermer, 2010), with temperate lake blooms tending to show seasonal 

peaks in the spring and autumn (Winegardner et al., 2014) linked to light, nutrients 

(mainly N, P and Si) and stratification in deep lakes (Wang et al., 2015). Their 

morphologically diverse silica valves generally preserve well in lake sediments and 
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enable identification to species level (Battarbee et al., 2012) and have broad 

application in reconstructing ecological responses to climate change and trophic status 

on both contemporary (10-1 to 101 yr) and long-term (101 to 105 yr) timescales (Bigler 

et al., 2007, Thackeray et al., 2008, Battarbee et al., 2012, Wang et al., 2015, Beck et 

al., 2016).  

This study assesses temporary state changes in the seasonality of planktonic diatom 

assemblages using sediment traps at Rostherne Mere, a eutrophic, deep, stratifying 

UK lake undergoing oligotrophication over the last 25 years, for a six-year period 

between 2011 and 2016. Short term (seasonal/inter-annual) meteorological and 

climatic perturbations are assessed for their impact on trap sediment capture and 

diatom assemblage change, especially in relation to an extreme high summer 

precipitation in 2012 and changes to stratification over the 6 year period.  

 

5.2. Methodology 

Sample collection and analysis 

Sediment trapping using sequencing traps was carried out at Rostherne Mere from 

January 2011 to January 2017. Technicap PPS 4/3 automatic sequencing traps 

(http://www.technicap.com/; 1310 mm length, ø252 mm internal diameter, 1:5.1 

trapping ratio, 0.05 m2 trapping area) were deployed in a central lake location at 10 m 

and 25 m water depths, sequentially opening into 12 individual 250 ml HDPE bottles, 

each representing a ~2 week collection period (in January and February longer 

collection periods of 3-4 weeks were used). The traps were reset every ~6 months as 

dictated by the trapping interval used, with trap sediment kept cool, dark and sealed 

during transport to the laboratory where it was stored frozen prior to analysis. All trap 

samples were freeze-dried prior to analysis and weighed for total trap sample dry 

sediment flux.  

All samples were analysed for organic matter (OM) and CaCO3 using sequential loss-

on-ignition, where OM was calculated by weight-loss after 3 hrs at 550 °C and CaCO3 

by weight-loss after 3 hrs at 925 °C (Dean, 1974). Minerogenic flux (Fm) was calculated 

as: Fm = Total trap flux – OM flux – CaCO3 – biogenic silica flux, with biogenic silica 

content estimated using diatom biovolume converted with a density ~2 g cm-3 

http://www.technicap.com/
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(DeMaster, 2003, Sañé et al., 2013). Percentage organic carbon (%OC) was 

calculated from %OM using a lake-specific conversion factor (%OC = %OM · 0.56) 

estimated from analysis of 20 sediment samples with a range of 14-65 %OM (A. 

Radbourne, unpublished data) with total OC determined via mass-spectrometry 

elemental analysis. 

Freeze-dried sediment was prepared for diatom analysis using standard methods 

(Renberg, 1990, Battarbee et al., 2001) with material being left overnight in the 

concentrated H2O2 solution at room temperature, as labile algal organic matter reacted 

violently if heated before this time. Additionally, a known quantity of microspheres was 

added to the cleaned diatoms before slide preparation (Battarbee and Kneen, 1982). 

Microspheres and at least 300 diatom valves per slide were identified following 

standard methods (Battarbee et al., 2001), with percentage valve breakage 

categorised into 4 classes (as 100% intact, >0.75, >0.5 or >0.25; valves <0.25 were 

not counted) and valve dissolution recorded using the pristine/dissolved binary 

scheme (F index; Ryves et al., 2003, Ryves et al., 2006). If a minimum of 100 

microspheres was not reached by the 300th diatom valve, counting was continued 

(without species identification) until 100 microspheres was reached. Total diatom 

abundance was calculated from relative percentage counts to known microsphere 

abundances using methods outlined in Battarbee and Kneen (1982). Diatom 

biovolume was calculated for taxa >3% abundance in an individual sample. Biovolume 

calculations followed methods outlined in Hillebrand et al. (1999), with 25 

representative examples from a range of slides measured to determine a mean 

biovolume figure for each taxon (Table 5.1.).  

Limnological and meteorological data 

Average daily air (2 m above water level) and water temperatures (at 12 depths, every 

2 m between 2 m to 24 m) were taken from the UKLEON buoy for the study period 

(2011-2016). Lake thermal analysis was conducted as whole lake (mean temperature 

of all 12 thermistor depths), epilimnion average (mean temperature of 2, 4 and 6 m 

during stratification) and hypolimnion average (mean temperature of 18, 20, 22 m 

during stratification). The date of stratification onset was taken as the day a >3% 

difference in epilimnion and hypolimnion temperature develops and is maintained  
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Table 5.1. Mean cell biovolume of common taxa 
at Rostherne Mere from 25 representative 

examples calculated using method provided in 
Hillebrand et al. (1999).  

Taxon 
Biovolume 

(µm3) 

Amphora pediculus 50.5 

Asterionella formosa 380.4 

Aulacoseira ambigua 562.1 

Aulacoseira granulata 636.8 

Aulacoseira subarctica 401.5 

Cocconeis placentula var. euglypta 942.9 

Cyclostephanos dubius 134.7 

Cyclostephanos tholiformis 243.2 

Cyclotella atomus 76.6 

Cyclotella meneghiniana 368.2 

Cymbella silesiaca 355.3 

Cymbellonitzschia diluviana 55.0 

Denticula elegans 1225.2 

Fragilaria bidens 317.3 

Fragilaria brevistriata 108.2 

Fragilaria crotonensis 434.3 

Fragilaria lapponica 57.2 

Gomphonema olivaceum 206.6 

Gyrosigma nodiferum 2429.4 

Navicula angusta 1172.4 

Navicula capicata 185.9 

Navicula pupula 256.5 

Navicula rhynchocephala 364.5 

Navicula seminulum 84.8 

Nitzchia lanceolata 135.0 

Nitzschia recta  701.3 

Stephanodiscus hantzschii 398.2 

Stephanodiscus neoastraea 4180.1 

Stephanodiscus parvus 94.7 

 

throughout the summer, with stratification end taken as the first day the difference in 

epilimnion and hypolimnion temperatures drop to a <3% range. The relative resistance 

to thermal mixing (RTRM) was calculated using standard water temperature to density 

methods (see Wetzel, 2001) with the total strength of stratification being the difference 

between the average epilimnion density and average hypolimnion density.  
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Figure 5.1. a) Mean monthly (dashed line) and annual (solid line) flow data from an 

Environment Agency flow station, Bollington Mill, 3.2 km downstream from Rostherne 

Mere. b) 2016 monthly mean flow (m3 s-1) of Rostherne Mere (inflow) and Bollington 

Mill.  

 

Precipitation and wind speed data used the closest reliable meteorological station 

(Manchester Airport, UK; situated 4.6 miles north-east of Rostherne Mere). Wind 

speed at the airport (VMA) was corrected for local sheltering (VRM) through comparison 

to the available partial study period wind speed data from the UKLEON buoy 

(comparable data from February 2013 to January 2017; correction factor of VRM = 

0.55VMA - 0.12, R2 = 0.82, n = 1417, p < 0.001). Soluble reactive phosphorus (SRP) 

and dissolved silica (Si) were obtained for January 2011 to April 2012 from a separate 

study conducted by D.B. Ryves and from January 2016 onward as part of this study’s 

wider objectives, with only SRP available between April 2012 to December 2015 from 

the Environment Agency.   

To ascertain flow rate (discharge) into and out of Rostherne Mere, discharge was 

estimated by measuring the cross-sectional profile and the sectional velocities for the 

main inflow (Rostherne Brook, draining ~80% of the catchment) and the outflow 
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(Blackburn’s Brook) over a range of stage heights during 2016. This discharge / stage 

relationship was applied to continuous stage height recordings taken throughout 2016 

from Rostherne Brook and Blackburn’s Brook using a Van Essen mini-diver data 

logger (www.vanessen.com) recording water pressure every 5 minutes, corrected to 

changes in air pressure by a barometer located in the boat house. Application of the 

measured discharge to height relationship of the mini-diver data provides a high-

resolution total discharge measurement for both the inflow and outflow. An adjusted 

water residence time (WRTm; see chapter 4) method was used to estimate the 

residence time of the mixed part of the water column for 2016, calculated as the 

monthly average outflow rate against the monthly available mixed lake volume (during 

the stratified period from April to November, the epilimnion, but during the mixed period 

from December to March, the entire lake). Flow data from a nearby Environment 

Agency flow station at Bollington Mill (reference number 69045; 3.2 km downstream 

of Rostherne Mere; data for 2011 – 2016 available; Fig. 5.1a and 5.1b) was used to 

generate a monthly difference factor between 2012 and the 2011-2016 mean flow 

rates, and applied to monitored 2016 flow rates to estimate WRTm during 2012. 

 

5.3. Results 

Sediment trap flux and diatom assemblages 

Diatom assemblages showed two seasonal peaks each year, in spring and autumn 

(Fig. 5.2a), with clear seasonal distinction between spring and autumn species’ 

composition. Spring each year began from similar conditions, dominated by 

Asterionella formosa Hassall (Fig. 5.2b) and/or Stephanodiscus parvus Stoermer & 

Håkansson (Fig. 5.2d), with smaller blooms of Stephanodiscus neoastraea 

Håkansson & Hickel (Fig. 5.2c). Autumn was more varied with dominance by 

Aulacoseira granulata Simonsen (Fig. 5.2e), Cyclostephanos dubius Round (Fig. 5.2f) 

and/or Cyclostephanos tholiformis Stoermer, Håkansson & Theriot (Fig. 5.2g). Inter-

annual variability in diatom blooms was great. Asterionella formosa was abundant in 

the spring (March to May) of 5 of the 6 study years (>55% abundance), but only 

reached a maximum of <10% in 2012 (Fig. 5.2b). Stephanodiscus parvus showed a  
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Figure 5.2. High-resolution sediment trap diatom assemblages. a) total diatom trap 

flux (shallow trap: solid black line; deep trap: dashed black line; valves cm-2 d-1) and 

diatom biovolume flux (filled area; µm3 cm-2 d-1), with summer of 2012 highlighted by 

shaded area. b-g) Six most abundant individual diatom taxa total flux (upper; ln(x) 

valves cm-2 d-1) for shallow trap (solid line) and deep trap (dashed line) and percentage 

taxon flux for the shallow trap (lower; % sample abundance). Label s = spring bloom, 

label a = autumn bloom b) Asterionella formosa, c) Stephanodiscus neoastraea, d) 

Stephanodiscus parvus, e) Aulacoseira granulata, f) Cyclostephanos dubius, g) 

Cyclostephanos tholiformis.  
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dominant early season trap capture in 2011 and 2012 (>70%), appearing later in 

spring/early summer of 2013 (<35%), then switching timing to autumn in 2014 and 

2015, before returning to a principle trap capture in the early spring of 2016 (>70%; 

Fig. 5.2d). Autumn variability at the start of the study was driven by the substantial trap 

capture of A. granulata in 2011 to 2013, when importance began to decline (>90% in 

2011 & 2012, <48% in 2016; Fig. 5.2e), in favour of C. dubius (~44% in 2014 & 2016; 

Fig. 5.2f) and the increasing prevalence of C. tholiformis (>70% in 2016; Fig. 5.2g).   

During the six-year study period, annual OC flux ranged from 2.0 g m-2 d-1 in 2012, to 

4.3 g m-2 d-1 in 2014 (Table 5.2.). Annual mean minerogenic flux also varied from 1.1 

g m-2 d-1 in 2012 to 0.5 g m-2 d-1 in 2011 (Table 5.2.). The annual average shallow trap 

total diatom flux ranged greatly, from 0.3•105 valves cm-2 d-1 (2012; Table 5.2.) to 

1.6•105 valves cm-2 d-1 (2013; Table 5.2.), with a study period mean of 1.0•105 valves 

Table 5.2. Annual average shallow and deep trap flux. Total organic carbon (OC) flux, total 
diatom flux, total diatom biovolume estimate and minerogenic flux, with average annual diatom 

dissolution (pristine) and diatom breakage (unbroken). 

Year 

Shallow trap 

OC flux 
Diatom 

abundance 
Diatom 

biovolume 
Diatom 

dissolution 
Diatom 

breakage 
Minerogenic 

flux 

(g m-2 d-1) 
(valves 105 

cm-2 d-1) 
(µm 107 
cm-2 d-1) 

(fraction 
pristine) 

(% unbroken) (g m-2 d-1) 

2011 2.1 1.5 4.7 0.61 52.1 0.5 

2012 2.0 0.3 0.8 0.48 33.5 1.1 

2013 3.8 1.6 5.9 0.57 42.6 0.6 

2014 4.3 1.4 4.5 0.55 45.3 0.9 

2015 2.7 0.8 3.0 0.77 64.7 0.8 

2016 3.9 0.5 1.0 0.85 78.8 0.9 

Study 
mean 

3.1 1.0 3.3 0.64 52.8 0.8 

Year Deep trap 

2011 - - - - - - 

2012 2.5 0.3 1.1 0.53 40.3 1.3 

2013 4.0 1.4 5.0 0.58 42.9 1.1 

2014 3.5 1.4 5.8 0.56 44.6 0.5 

2015 1.6 0.4 1.7 0.56 45.5 1.1 

2016 - - - - - - 

Study 
mean 

2.9 0.9 3.4 0.56 43.3 1.0 
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cm-2 d-1 (Table 5.2.). Diatom biovolume flux co-varied with diatom valve flux, with 

relatively higher biovolume in 2013 and 2015 due to the presence of larger sized taxa 

(see Table 5.1. and Table 5.2.). Diatom preservation (higher F index and lower % of 

broken valves) was generally good, especially in the upper trap, as expected (Ryves 

et al., 2003), and was also poorest in both traps in 2012 (Table 5.2.). The shallow and 

deep traps showed good agreement in annual flux totals (Table 5.2.) and in temporal 

patterns, even at high-resolution (2 weekly intervals) (Fig. 5.2a). In two of the four 

years (2012 and 2013), when both shallow and deep trap data were available, the 

deep trap had higher sediment and diatom fluxes, which is presumed to be as an 

influence of sediment resuspension and sediment focussing into the deep traps, as 

previously noted by Radbourne et al. (2017) (see chapter 3) and as expected from the 

morphometry of Rostherne Mere (Hilton, 1985, Hilton et al., 1986). 

Figure 5.3. Climate data at Rostherne Mere for study period (2011-2016). Monthly 

mean dashed black line, annual mean solid red line and 30-year mean solid black line, 

for; a) wind speed (m s-1), b) total precipitation (mm), c) air temperature (ºC).  
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Table 5.3a. 2016 WRTm. Flow calculated from 
monitoring campaign data and monthly mixed water 
volumes estimated using UKLEON thermistor data.   

 Month 
Available volume 

(L ∙ 109) 
Outflow rate 
(L yr-1 ∙ 108) 

January 6.9 7.5 

February 6.9 7.0 

March 4.7 3.4 

April 2.7 3.7 

May 2.8 6.2 

June 3.0 6.2 

July 3.1 6.7 

August 3.3 6.8 

September 3.4 6.4 

October 3.7 6.4 

November 4.3 7.1 

December 6.9 8.2 

Annual  4.3 (mean) 75.4 (sum) 

WRTm (yr) 0.57 

Table 5.3b. Estimated 2012 WRTm. Flow estimated 
from the difference in 2012 flow to study period mean 

at a nearby Environment Agency river flow station 
and applied as a monthly factor to monitored 2016 

data. Water volumes estimated using UKLEON 
thermistor data.   

Month 
Available 

volume (L ∙ 109) 
Outflow rate 
(L yr-1 ∙ 108) 

January  6.9 8.6 

February 6.9 5.1 

March 6.5 2.3 

April 2.7 6.5 

May 2.8 7.5 

June 3.0 12.9 

July 3.1 17.6 

August 3.3 12.2 

September 3.4 21.4 

October 3.7 14.6 

November 4.3 10.3 

December 6.9 15.0 

Annual  4.5 134.0 

WRTm (yr) 0.34 
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Meteorological data 

Wind speeds showed an expected seasonal progression with higher wind speeds over 

winter and calmer periods during summer (Fig. 5.3a). Average air temperatures also 

showed a seasonal progression, with a range of annual average temperatures from 

9.4 ºC (2013; Fig. 5.3c) to 10.7 ºC (2014; Fig. 5.3c). Monthly and annual total 

precipitation varied, with 2012 total precipitation values (945 mm) being 36% higher 

than the study period mean (697 mm) and 41% higher than the 30-year mean (669 

mm; Fig. 5.3b). Correlation of the 2016 Rostherne Mere monitored inflow rates to the 

Bollington Mill data (Fig. 5.1a and 5.1b), enabled the estimation of the higher flow rates 

that would have been experienced at Rostherne Mere during the wetter year of 2012. 

Application of this higher discharge rate to the WRTm method implies that flushing rate 

was much faster in 2012 (0.34 years, ~4 months; Table 5.3b), compared to that 

calculated for 2016 (0.57 years, ~7 months; Table 5.3a). 

 

 

Lake physical and nutrient data 

Lake water column temperatures clearly showed the seasonal patterns in the timing, 

development and strength of stratification (Fig. 5.4c) Upper water temperature 

followed that of air temperature (Fig. 5.3c), with bottom water temperatures showing 

a similar annual cycle of warming and cooling (Fig. 5.4c). Stratification onset day 

varied throughout the 2011-2016 study period (range 31 days from 11th March to 11th 

April; Table 5.4.), with stratification overturn around a similar 10-day period in mid to 

late November (Table 5.4.). The earliest onset of stratification was seen in years with  

Table 5.4. Stratification onset and overturn date taken from UKLEON buoy thermistor 
records. Day of year in brackets (Jan 1st = day 1). March epilimnion temperature 

difference from study period mean.  

Year 
Stratification 

Onset 
Stratification 

Overturn 

Total Days 
of 

Stratification 

Mean difference 
March epilimnion 

temperature 

2011 13-Mar (72) 14-Nov (318) 246 0.6 

2012 28-Mar (88) 21-Nov (326) 238 0.4 

2013 11-Apr (101) 22-Nov (326) 225 -2.0 

2014 30-Mar (89) 24-Nov (328) 239 0.9 

2015 02-Apr (92) 24-Nov (328) 236 -0.3 

2016 11-Mar (71) 21-Nov (326) 255 0.7 
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Figure 5.4. Water column temperatures and relative thermal resistance to mixing 

(RTRM) for study period (2011-2016). a) Mean daily and annual RTRM, b) water 

column density profile, c) mean daily lake temperatures for the whole lake (solid black 

line), epilimnion (dotted line), hypolimnion (dashed line) and mean annual whole lake 

temperature (solid red line), d) daily water column temperature.   

 

a warmer late winter / early spring upper water column temperatures (e.g. 2011 and 

2016; Table 5.4.), with the later onset of stratification corresponding to colder late 

winter / early spring temperatures (e.g. 2013 and 2015; Table 5.4.).    

Lake RTRM showed an increase each spring to a maximum in summer, representing 

a strong stratification (>100 RTRM), before reduction during autumn to zero RTRM 

(mixed) at stratification overturn (Fig. 5.4a). In-lake RTRM values through the water 

column highlight the strong stratification each year, with the metalimnion forming 

around 7 m depth and gradually deepening through the summer to around 12 m depth, 
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allowing a small amount of nutrient replenishment from the deeper waters, before rapid 

breakdown of stratification and overturn (Fig. 5.4b).     

Lake nutrient concentrations showed an annual cycle of depletion throughout the 

summer and replenishment during the winter (Fig. 5.5.). Si data were only available 

for selected times of the study period, but show a similar seasonal depletion and 

replenishment in the years data were available (Fig. 5.5a). SRP in the summers of 

2013, 2014 and particularly in 2016 reached the lowest concentrations observed over 

the 6 years, with summer concentrations remaining relatively high (>50 μg L-1) during 

the other study years (Fig. 5.5b). Si:SRP ratios emphasise the lower SRP values 

towards the end of this study (2016), compared to the early study period (2010-11; 

Fig. 5.5c), but Si:SRP data are not available from April 2012 to January 2016. 

Figure 5.5. Study period nutrient concentrations at Rostherne Mere. a) Si 

concentrations taken from a range of sources (this study and D. B. Ryves), b) soluble 

reactive phosphorus (SRP), c) Si:SRP ratio. * = data unavailable.  
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5.4. Discussion 

Phytoplankton response to the 2012 increased summer precipitation 

Diatoms respond to a range of limnological factors, including hydrology, temperature, 

nutrients and light (Battarbee et al., 2012, Roelke et al., 2010, Wang et al., 2015, 

Ruhland et al., 2015). Rostherne Mere’s long term limnological record (Tattersall and 

Coward, 1914, Livingstone and Cambray, 1978, Reynolds and Bellinger, 1992), 

makes it an important site of historical change over the last century, demonstrating the 

influence of anthropogenic nutrient enrichment on deep UK lakes. The lake has 

responded to rising nutrient concentrations with increasing primary production, until a  

reduction began following catchment management intervention in the 1990s (see 

chapter 3; Radbourne et al., 2017). During this time of nutrient alteration there has 

been a marked change in phytoplankton assemblages, with a move towards more 

eutrophic indicator algal species (Belcher and Storey, 1968, Reynolds and Bellinger, 

1992). 

Today, Rostherne Mere is still hypertrophic with high organic (autochthonous) 

production and organic carbon flux (see chapter 3; Radbourne et al., 2017). However, 

even over the 6 years of this study, there is clearly substantial inter-annual variability, 

with an OC trap collection range of 2.0 to 4.3 g m-2 d-1 (Table 5.2.). The most noticeable 

change in sedimentation is between 2012 and 2013, with 2012 producing a very low 

OC and diatom flux compared to other study years, followed in 2013 by the highest 

flux across all 6 years (Table 5.2.). The reduced trap flux in 2012 is also seen in the 

diatom collections (Fig. 5.2a), with the only prominent flux being S. parvus in early 

spring (Fig. 5.2d), as the regular dominant mid-spring flux of A. formosa (Fig. 5.2b) 

and the autumn trap fluxes (Fig. 5.2a) were negligible.  

The reduced sediment trap capture during 2012 corresponds to a period of 

meteorological perturbation. Beginning from April and continuing throughout the 

summer of 2012, the United Kingdom witnessed historically high precipitation rates 

(Parry et al., 2013). Regionally around Rostherne Mere, this resulted in much higher 

annual precipitation values (945 mm), compared to the study period (697 mm) and 30-

year mean values (669 mm), with much of this falling from April (Fig. 5.3b). Local river 

flow (at Bollington Mill) showed the precipitation events from April led to much higher 

discharge (annual average flow: during 2012 = 5.6 m-3 s-1, mean of other study years 
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= 3.6 m-3 s-1; Fig. 5.1.). The corresponding reduction of summer WRT (WRTm) and OC 

flux to the traps (i.e. from April 2012), and disruption of the usual spring diatom 

succession, imply that the increased flushing rate may have caused low phytoplankton 

biomass, as seen in other studies analysing the impact of hydrology and specifically 

floods on lake production (Tolotti et al., 2010, Cross et al., 2014). As well as reducing 

diatom populations by wash-out, summer cyanobacterial standing crops would be 

reduced because they require not only high nutrient concentrations but also calm 

water with low flushing rates (Huszar and Reynolds, 1997, Godlewska et al., 2003, 

Elliott, 2010), with cyanobacterial blooms observed to terminate following large inflow 

events (Roelke et al., 2010). Increased turbulence (resulting in more diatom valve 

breakage, linked to greater dissolution; Ryves et al., 2006) and dominance of finer, 

susceptible taxa such as S. parvus (Fig. 5.2d, promoting dissolution within the water 

column and trap seston; Ryves et al., 2003, Ryves et al., 2013) may also explain the 

poorer preservation within both upper and lower traps in 2012 (Table 5.2.). However, 

although phytoplankton loss through increased turbulence, flushing and poorer 

preservation can partly explain the low organic matter and diatom flux during summer 

2012, it does not explain the almost complete absence of A. formosa (Fig. 5.2b) during 

this time, implying that the usual conditions that promote the spring A. formosa bloom 

were not present.  

Other studies have found that high levels of grazing have been key in the reduction of 

phytoplankton crops (Meis et al., 2009, Rose et al., 2017), with diatom bloom collapse 

from grazing stress important in low P conditions (Huber et al., 2008). Although grazing 

stress is unknown for 2012, the relatively high SRP values (Fig. 5.5b) suggest this is 

an unlikely cause of the low diatom flux here. On the other hand, bloom collapse in 

high P conditions is closely related to Si depletion (Huber et al., 2008), but 

unfortunately Si data in summer 2012 were not available at Rostherne Mere. However, 

with the consistent annual replenishment of Si (Fig. 5.5a), a decreased diatom 

biovolume production resulting in lower Si utilisation (Table 5.2.) and the greater Si 

replenishment from increased catchment inflow rates as a result of flooding (Loucaides 

et al., 2007, Chen et al., 2014), it is unlikely Si depletion can explain the 2012 low 

diatom flux in this study.  

Increased summer flushing rates have been linked to altered nutrient dynamics in 

freshwater systems, with SRP loads from internal loading being diluted earlier in the 



94 
 

year with increased flushing rate (Barker et al., 2005, Cross et al., 2014). Therefore, 

with increased flushing rate at Rostherne Mere during summer 2012, nutrient 

concentrations would rapidly decline compared to other years. However, nutrient 

concentrations at Rostherne Mere during 2012 remain at higher levels throughout the 

year (Fig. 5.5.), with a strong stratification limiting nutrient entrainment from the 

hypolimnion in all study years (Fig. 5.4.), even during times of increased storminess 

and rainfall in 2012 that has previously been related to partial stratification breakdown 

(Sriyasak et al., 2015). Nutrient concentrations in 2012 reduced to the lowest at 

stratification overturn of 76 µg SRP L-1, with other overturn low values between 5 – 51 

µg SRP L-1 (study mean 34 µg SRP L-1; Fig. 5.5b). This smaller SRP reduction, with a 

higher minerogenic flux, suggests lower phytoplankton utilisation explains the lower 

flux of organic matter (Table 5.2.). This is compounded by higher summer flushing rate 

of nutrients also reducing SRP concentrations in 2012 compared to other study years, 

due to inflowing water having lower nutrient concentrations compared to the in-lake 

values (April to June epilimnion SRP concentration ~120 μg L-1, inflow concentration 

~15 μg L-1; see chapter 4).  

The low nutrient utilisation during 2012 is here also suggested to be partly as an 

influence of light limitation. The high level of precipitation during the summer would 

have altered light availability through increased cloudiness, with increased cloud-cover 

reducing solar irradiance by 1/3 (Ritchie, 2010), this having the potential to reduce 

annual primary production considerably (Ritchie and Larkum, 2012). Additionally, 

inflowing turbid flood water throughout the summer may also have reduced light 

available for photosynthesis (Squires and Lesack, 2003, Sthapit et al., 2008, Mihaljevic 

and Stevic, 2011). This is supported by a higher minerogenic flux to the sediment traps 

in 2012 (Table 5.2.), a signal of increased catchment input of turbid and sediment-

laden water (Aryal et al., 2014).  

Phenological response to variations in seasonal temperature and stratification onset 

Stratification onset at Rostherne Mere between 2013 to 2015 was later than other 

study period years (Table 5.4.), especially in 2013 and 2015 when the March 

epilimnion temperatures were below the study period average (Fig. 5.3c). A change in 

stratification timing is known to adjust diatom phenology, and has been linked to the 

inter-annual variation and the longer-term shifts in climate under global change 
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(Walther et al., 2002, Menzel et al., 2006, Thackeray et al., 2008). There is a clear 

relationship between temperature, stratification and diatom phenology, because the 

late winter and early spring temperatures that drive the thermal density differential 

required to stratify the lake, is also the catalyst required to energize the spring diatom 

bloom replication rate (Reynolds, 2006). Therefore, the low thermal energy in a cold 

epilimnion that leads to a later stratification, will also delay spring diatom growth and 

alter diatom phenology. Later stratification onset at Rostherne Mere in 2013 and 2015 

(Table 5.4.; Fig. 5.4.), coincides with later development of the spring diatom bloom 

(~April; Fig. 5.2.) compared to other study years (~March; Fig. 5.2.) with early warm 

spring epilimnion temperatures (Fig. 5.4c). Wind induced turbulence can have an 

impact on stratification timing if the shear stress is greater than the resistance to 

thermal mixing (Monismith, 1985). Here, due to the sheltered position of the lake 

(evident in the near half reduction in on-lake wind speeds compared to local data; see 

Methods) and the strong RTRM (Fig. 5.4a and 5.4b), wind is only likely to be a 

significant factor on stratification timing when the thermal resistance to mixing is low. 

Over the last 5 decades, there has been a significant change in the duration of 

stratification at Rostherne Mere due to a later overturn, rather than a change to onset, 

which is linked to changing air temperature (see chapter 4). On an inter-annual 

timescale, however, algal production and community structure respond to weather 

extreme years, with drivers such as variation in summer chl-a concentrations related 

to precipitation (Carvalho et al., 2012) and phytoplankton phenological timing 

influenced by alterations in thermal stratification (Thackeray et al., 2008).  

The phenological shifts of the diatom community found in this study are more extreme 

than have previously been observed, with evidence of S. parvus not just changing 

timing of its bloom by a matter of days or weeks, but completely switching from 

blooming in spring to autumn. Due to its small size (hence rapid reproduction) and 

competitive advantage at low Si:SRP ratios, S. parvus is regularly a pioneer spring-

blooming diatom in nutrient enriched lakes (Bigler et al., 2007, Kirilova et al., 2008, 

Berthon et al., 2014), dominating spring trap collections at Rostherne Mere in 2011 

and 2012 (Fig. 5.2d) before other species outcompete it (i.e. A. formosa in 2011; Fig. 

5.2b). However, a shift in stratification onset at Rostherne Mere in 2013, caused a 

modification in the timing of the spring bloom of S. parvus to the end of April (Fig. 



96 
 

5.2d), this the same time as other taxa leading to subsequent competition reducing 

the percentage dominance, despite the total production remaining similar (Fig. 5.2.). 

The following two years (2014 and 2015), when spring thermal energy input is low, S. 

parvus is not present in spring, yet appears in autumn with other small centric diatoms, 

such as Cyclostephanos dubius and C. tholiformis (Fig. 5.2.). Further evidence that S. 

parvus is linked to spring thermal energy regime (i.e. stratification onset) is seen in 

2016 when the spring epilimnion temperature was much warmer (March epilimnion 

temperature of 6.4 ºC) and stratification was earlier (11th March, day 71; Table 5.4.), 

and S. parvus reappears as part of the early spring assemblage, returning back to the 

usual spring bloom pattern though with a low flux (Fig. 5.2d). As far as we are aware 

the seasonal switch of S. parvus has not been witnessed in high-resolution sediment 

trap monitoring or lake phytoplankton monitoring records before. 

The noteworthy seasonal switch observed for S. parvus, along with other changes in 

diatom phenology observed in Rostherne Mere during this study, highlights the 

importance of inter-annual climatic variability on the ecology of deeper lake systems. 

Later stratification onset at Rostherne Mere has been linked with changes in diatom 

assemblage in past decades, with A. formosa blooming later in spring 1972 (see 

Reynolds and Bellinger, 1992). While inter-annual climatic variability is an important 

driver of inter-annual variability in freshwater lakes such as Rostherne Mere, 

progressive changes in climate will drive long-term limnological processes (such as 

stratification and nutrient cycling) and algal community dynamics that may not 

resemble earlier states and may lead to whole-system ecological transitions. 

Implications of perturbations for longer term lake change 

The direct impact of a short-term (i.e. seasonal) meteorological perturbation does not 

just impact the lake system for the duration of the perturbation, but can cause longer 

term shifts in lake ecology, primarily driven by alterations to the nutrient cycling and 

availability (Znachor et al., 2008, Ruhland et al., 2015, Bertani et al., 2016). Following 

the much reduced OC and diatom flux in Rostherne Mere during 2012, especially the 

late-summer to winter period, due to wetter conditions, the OC and diatom (valve and 

biovolume) fluxes increased during 2013 and 2014 (Table 5.2.). The 2012 autumnal 

SRP values are higher than other years, highlighting underutilisation during that 

period, with the winter replenishment of SRP not as substantial leading into 2013 (Fig. 
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5.5b). The reduced SRP may be an influence of faster flushing rates washing out the 

available SRP during the 2012-13 winter, as shown by increasing discharge at 

downstream Bollington Mill (Fig. 5.1a). On the other hand, the availability of Si at the 

start of 2013 is likely to have been increased as it is delivered by the higher inflow (Fig. 

1a) with less drawdown by diatoms in autumn 2012 (Fig. 5.2a), despite the reduced 

Si replenishment from diatom dissolution following a smaller diatom crop in 2012. 

Therefore, the Si:SRP ratio in spring 2013 would probably have been high, as is 

evident in the higher diatom biovolume (and so Si) flux (Table 5.2), with the increased 

importance of Si-rich taxa, such as S. neoastraea (Fig. 5.2c, Table 5.1.; Gibson et al., 

2000) and A. granulata (Fig. 5.2e, Table 5.1.).  

Additionally to the change in nutrient availability during 2013, later stratification onset 

in 2013-15 shifted the phenology of the spring diatom bloom (see above), leading to a 

changes in nutrient uptake. A later spring diatom bloom would result in a shorter time 

for spring nutrient utilisation, as well as favouring other taxa with different nutrient 

uptake strategies. For example, the competitive advantage of S. parvus, a low energy 

early spring taxon, would be lost, thus the early spring nutrient utilisation would be 

reduced, leading to an altered nutrient environment for the later spring blooms of A. 

formosa and S. neoastraea, in this case enhancing their growth potential (see above). 

The changes in the spring nutrient uptake at Rostherne Mere appear to encourage a 

greater autumnal diatom crops with larger fluxes in autumn during 2013-15, whereas 

there were larger fluxes in 2011-12 and 2016 when stratification onset was earlier (Fig. 

5.2a).  

Furthermore, the changes in the diatom assemblage during the study were not limited 

to the persistence of the same diatom taxa. From 2013 to 2016, there is evidence of 

a species shift with decreased abundance of A. granulata (Fig. 5.2e) and an increase 

in Cyclostephanos spp. (Fig. 5.2f and 5.2g). If these gradual changes in dominant 

species are climate-driven, they may indicate a long-term shift to a different diatom 

community as perturbations cascade through the system. Battarbee et al. (2012) 

hypothesised that the future trajectory of primary production and nutrient load may 

take a range of pathways, probably not returning to a previous ecological baseline with 

nutrient load recovery, yet likely to undergo a critical transition to a new (quasi-) 

permanent state.  
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5.5. Conclusions 

Previously, nutrient loading has been seen as a major driver of ecological change in 

freshwater systems, along both eutrophication and oligotrophication pathways. 

Although primary production at Rostherne Mere’s has fallen over the last ~20 years 

as P loading has reduced (see chapter 3; Radbourne et al., 2017), the interactions of 

multiple ecosystem drivers (here climate and nutrients) can complicate the 

oligotrophication trajectory on seasonal, annual and multi-annual timescales. There is 

increasing evidence of the dynamic response of phytoplankton communities to climate 

change through the alteration of physical lake parameters, such as thermal 

stratification, flushing rate and light availability, having a direct impact on fundamental 

aspects of aquatic ecosystem functioning and altering algal communities, bloom 

phenology and primary production. These changes in the physical system may drive 

great inter-annual variability (as seen in this sediment trap record), or it may cause the 

algal community to reach a tipping point, crossing a critical transition to a potentially 

irreversible new phase, resulting in cascading impacts through the ecosystem.  

The future implications of climate driven change are expected only to increase in 

importance if the future projections of UK climatic warming, being +3.4 ºC from 2020 

to 2100 (UKCP09 projections; Murphy et al., 2009), and the implied potential for 

increased frequency and intensity of meteorological perturbations, come to pass. 

Interaction between climatic and other stressors on freshwater systems will lead to 

more frequent seasonal and inter-annual fluctuations and state changes as aquatic 

ecosystems respond to the changing limnological environment. Therefore, future 

research design for assessment of current ecological status in freshwaters must 

consider potential short-term fluctuations driven by climate variation and longer-term 

perturbations, with priority given to developing and maintaining longer term data sets 

and studies.  
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6. The impacts of changing nutrient load and climate on a deep, eutrophic, 

monomictic lake 

 

6.1. Introduction  

Nutrient availability is a major factor affecting lake ecosystem functioning including 

productivity, the development of potentially toxic algal blooms and oxygen depletion 

(Sas, 1989). Anthropogenic nutrient enrichment has increased nutrient loads, causing 

many lakes to become eutrophic (Smith et al., 2006). Climate also has a major effect 

on lakes via water temperature and stratification (Hutchinson and Löffler, 1956) and 

climate change has increasingly become recognised as having a substantial impact 

on lake structure and function globally (Tranvik et al., 2009, Williamson et al., 2009b, 

Paerl and Huisman, 2008). Long-term incremental increase of air temperature 

influences lake thermal structure (Gauthier et al., 2014, Liu et al., 2014) and the timing 

of stratification (Meis et al., 2009, Izmest'eva et al., 2016). Furthermore, the shorter-

term impact of heatwaves, droughts and flooding can alter the hydrological balance 

and ecological structure in many lakes (Bakker and Hilt, 2016, Bertani et al., 2016, 

Wigdahl-Perry et al., 2016). Thus, if future projections of UK climatic warming are 

accurate, with annual average temperatures rising by +1.4 ºC from 2020 to 2060 and 

+3.4 ºC from 2020 to 2100 (UKCP09 projections; Murphy et al., 2009), there are likely 

to be substantial effects on lakes across the UK. However, the precise direction and 

magnitude of change is uncertain since multiple stressors may interact in synergistic, 

antagonistic or additive ways (Coors and De Meester, 2008). Furthermore, lakes are 

differentially sensitive to system stressors (i.e. George et al., 2004) further 

complicating the assessment of how an individual lake will respond to environmental 

change or management intervention.  

Rostherne Mere, Cheshire, UK is a prime example of a eutrophic lake that has 

undergone a significant change in trophic status over the last century caused by the 

direct impact of human activity (Moss et al., 2005). Like many such lakes (Schindler, 

2006, Zamparas and Zacharias, 2014), Rostherne Mere has recently undergone 

catchment-scale management intervention to limit nutrient load and reduce lake 

nutrient concentrations. While reducing the external phosphorus load improved 

ecological condition in some lakes (Jeppesen et al., 2005, Sondergaard et al., 2005), 
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many have only witnessed a slow recovery as a result of internal loading of soluble 

reactive phosphorus (SRP) derived from historic SRP inputs stored within the upper 

sediment (Schindler, 2006, Jarvie et al., 2013a). Rostherne Mere is a small but deep 

lake permitting a particularly long and strong summer stratification (see chapter 3; 

Radbourne et al., 2017). In conjunction with high productivity, this drives rapid oxygen 

depletion at depth following spring stratification (Scott, 2014), favouring the release of 

large quantities of remobilised P from the sediment into the hypolimnion, potentially 

slowing the rate of recovery and extending the requirement for management 

intervention.   

This study utilises observed catchment and lake monitoring data from 2016 to assess 

contemporary nutrient dynamics at Rostherne Mere. These data are used in the 

biophysical PROTECH model (Phytoplankton RespOnses To Environmental CHange; 

Reynolds et al., 2001, Elliott et al., 2010) to simulate a range of future nutrient (internal 

SRP load and external SRP load) and climate (air temperature) scenarios (UKCP09 

projections; Murphy et al., 2009) to determine the main drivers of recovery and 

disentangle the combined importance of nutrient loads and changing climate on key 

biophysical lake properties and dynamics. 

 

6.2. Methods 

Collection and analysis of field data  

Between January 2016 and January 2017, water samples were collected 

approximately every 3 weeks from Rostherne Brook (the main inflow, draining 79% of 

the catchment), Blackburn’s Brook (outflow) and the central lake surface (UKLEON 

buoy site; water depth ~26 m), with multiple water column depth samples (6, 12, 18 

and 24 m) added to the 3 weekly collection programme from September 2016. Water 

samples were shipped to an external certified laboratory (National Laboratory Service, 

UK) for orthophosphate (soluble reactive phosphorus; SRP), total phosphorus (TP), 

dissolved inorganic nitrogen (DIN) and dissolved silicate (DSi) nutrient analysis. 

Additionally, an integrated water column sample (0–8 m) from the central lake location 

was collected for live phytoplankton identification and chlorophyll a (chl-a) analysis. 

Live phytoplankton were analysed after concentrating a 1 L sample using a sequence 

of settling procedures, using the gridded cell (Sedgwick-Rafter cell) total abundance 
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count method (Brierley et al., 2007). Phytoplankton were counted using a 400x 

magnification, counting total abundance within grid cells for upscaling to the whole 

sample. Number of colonies were counted for Microcystis spp., filaments for 

Aphanizominon spp. and cells for all other algae. Chl-a analysis involved a standard 

spectrophotometer approach, with recordings taken at wavelengths of 630, 645, 665 

and 750 nm and an extraction solvent of 80% acetone (Sartory and Grobbelaar, 1984). 

Secchi depth at the water sampling site was recorded during each visit.  

Inflow and outflow discharge was determined by calculating a linear discharge 

relationship between cross-sectional profiles and sectional velocities recorded for a 

range of stage heights over 2016. This empirical stage-discharge relationship was 

then applied to continuous stage heights measurements recorded using a Van Essen 

mini-diver data logger (www.vanessen.com), recording water pressure every 5 

minutes and calibrated to a barometer located at the lake shore, to provide a high-

resolution record of inflow and outflow discharge for the whole year.   

The standard outflow method for water residence time (WRT) was estimated as the 

annual average outflow rate against the total lake volume. An adjusted method 

(WRTm) was also used, calculated as the monthly average outflow rate against the 

monthly available mixed lake volume (i.e. during the stratified period from April to 

November, this is the epilimnion, but during the mixed period from December to March, 

this is the entire lake).  

The PROTECH model 

PROTECH simulates the responses of a number of phytoplankton populations 

distributed in a 1D vertical water column at daily time steps, but also calculates key 

physical limnological parameters such as thermocline development, stratification 

pattern, and nutrient concentrations. A full description of the model’s equations and 

concepts has been already published (Reynolds et al., 2001, Elliott et al., 2010) but 

the main biological component of the model is the daily change in the chl-a 

concentration (X/t) attributable to each phytoplankton population: 

X/t = (r’ – S – G –D) X       (eqn. 6.1.) 
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where r’ is the growth rate defined as a proportional increase over 1 day, S is the loss 

caused by settling out from the water column, G is the loss caused by Daphnia grazing 

(it is assumed only phytoplankton <50 μm diameter are grazed) and D is the dilution 

loss caused by hydraulic exchange.  

The growth rate (r’) is further refined by:  

r’ = min {r’(,I), r’P, r’N, r’Si}    (eqn. 6.2.) 

where r’( ,I) is the growth rate at a given water temperature and light intensity and r’P, 

r’N, r’Si are the growth rates determined by SRP, N and DSi concentrations below these 

respective threshold concentrations: < 3, 80 and 500 µg L-1 (Reynolds, 2006). The r’ 

values are phytoplankton-dependent (e.g. non-diatom taxa are not limited by silica 

concentrations below 500 µg L-1 and nitrogen-fixing cyanobacteria are not limited by 

nitrogen) and, crucially, relate to the morphology of the taxon. The phytoplankton 

community used in the model were selected from analysis of the most abundant 

species observed in the lake (see chapter 4), giving a total of 7 phytoplankton taxa: 

Asterionella, Stephanodiscus (diatoms), Cryptomonas (cryptophyta), 

Gomphosphaeria, Microcystis, Aphanizomenon and Dolichospermum 

(cyanobacteria). 

Water temperature and light (i.e. cloud cover and seasonal irradiance) are varied at 

each time-step throughout the simulated water column in response to external 

meteorological divers. The value of ΔX/Δt (eqn. 6.1.) is modified on a daily time-step 

for each algal taxon in each layer of the water column (layers are 0.1 m deep).   

The model was run and compared to the observed data recorded from the lake during 

2016 by using the coefficient of determination (R2 and RMSE). After the initial 

simulation, as expected it became clear that an internal, hypolimnetic nutrient supply 

of SRP was required, as has been cited previously as an important component of P 

dynamics at Rostherne Mere (Carvalho et al., 1995, Moss et al., 2005). Therefore, 

incremental daily amounts of SRP were added to the bottom 15 m of the water column 

from 1st June for 90 days until the hypolimnion concentration matched those observed 

from the depth profiles: 7.8 µg SRP L-1 d-1 was found to be optimal. The model 

assumes the internally loaded SRP is not mixed into the surface water until 

stratification breaks down, a suitable simplifying assumption in a strongly stratifying 



103 
 

lake such as Rostherne Mere (Mackay et al., 2014). The internal load period of 90 

days was fixed to ensure that the internal load only occurs during anoxic stratification 

(a feature of Rostherne Mere; see chapter 3; Radbourne et al., 2017) for all climate 

change scenarios, because anoxia promotes the sediment release of iron bound P for 

replenishment into the water column (Nurnberg, 1984). This P will only be redistributed 

throughout the water column at stratification overturn due to the strong summer 

stratification within the lake.  

Future climate scenarios 

The calibrated 2016 simulation was taken as a baseline and then re-run through a 

combination of progressive changes to air temperature and nutrient load. Each future 

projection scenario was run in daily time steps for 10 years using the 2016 driving data 

repeatedly, and the final year only was used for the analysis to allow the simulation 

time to move away from the baseline and stabilise under the new driving conditions. 

The different scenarios were created by application of UKCP09 future temperature 

change projections (with 11 model simulations), forecasting daily temperatures using 

years 360 days long, as used by the UKCP09 models, between 2011-2020, 2051-

2060 and 2091-2100 for the 25 km-2 grid reference of Rostherne Mere (the UK Met 

Office Hadley Centre Regional Model Perturbed Physics Ensemble simulations 

HadRM3-PPE; Murphy et al., 2009). Temperature change was combined with 

decreasing SRP loads compared to 2016, through independently multiplying 

measured internal and external SRP loads in 2016 by 100% (i.e. no change from 2016; 

referred to as high), 60% (referred to as mid) and 20% (referred to as low) from the 

2016 baseline. Furthermore, a single simulation of the current 2016 baseline with a 

10-fold increase in external SRP concentration was modelled, from an annual average 

of 20 µg L-1 to 200 µg L-1, designed to simulate an unmanaged catchment similar to 

that of pre-sewage treatment work diversion in 1991 (Carvalho et al., 1995). In total 

this produced 298 scenario combinations (i.e. 11 different temperature models at 3 

time frames, with 3 external SRP loadings and 3 internal SRP loadings, plus 1 

increased external load simulation).  

Model simulation results were statistically analysed using a single factor ANOVA, 

testing the significance between the 11 temperature forecast models with external load 

change, internal load change and temperature change.   



104 
 

Figure 6.1. Seasonal changes in concentration of  P and chlorophyll a at Rostherne 

Mere for 2016. a) P inflow concentration, b) P lake eplimnion concentration, c) P 

outflow concentration and d) epilimnion chlorophyll a concentration. For phosphorus, 

solid line represents SRP and dashed line TP. Analysis detection limit represented by 

shaded area at 10 µg L-1. 
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6.3. Results 

Seasonal changes in Rostherne Mere 

The ratio of TP to SRP concentrations at Rostherne Mere was fairly constant 

throughout 2016 (Fig. 6.1b), thus SRP was utilised in this study because available 

reactive P is important for phytoplankton ecology and its use will not significantly 

underestimate the P budget. The concentration of SRP in Rostherne Mere was high 

at the start of 2016 (>150 µg L-1; Fig. 6.1b), but then decreased as it became diluted 

with water from the inflow (~20 µg L-1; Fig. 6.1a) and through algal uptake (observed 

chl-a increase; Fig. 6.1d). By mid-June, the concentration of SRP within the lake had 

fallen to levels near (or below) analysis detection limits (<10 µg L-1; Fig. 6.1b). Low 

SRP concentrations (<18 µg L-1) in the epilimnion from mid-June to November (Fig. 

6.1b) limit algal growth, as seen in the chl-a production reaching a maximum 25.8 µg 

L-1 (Fig. 6.1.d), with production sustained, and thus limited, by the inflow SRP 

concentration (mean June to November inflow SRP concentration 22 µg L-1; Fig. 6.1b).  

Figure 6.2. Internal concentration of SRP building in the hypolimnion during 

stratification and released into the whole water column upon stratification overturn. 

Black dots represent sampling points.  

 

During summer, anoxic stratification in the hypolimnion establishes a high 

concentration of sediment-derived SRP at depth (>800 µg L-1; Fig. 6.2.), which is 

dispersed throughout the water column at overturn in late November, returning the 

whole lake to the similar high SRP concentrations found at the start of the year (Fig. 
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6.1b). The mass balance of P during 2016 (see chapter 4) shows that Rostherne Mere 

was a net source of P (inflow 864 kg TP, outflow 1416 kg TP = net loss 552 kg TP; 

Fig. 6.1a and 6.1c), supporting the inference that the major source of this large quantity 

of P replenishing the water column annually is derived internally from the sediment P 

store, not from the managed pastureland catchment external stream inflow loads. DIN 

and DSi were deemed not to be important for overall chl-a production with 

concentrations being high throughout the year in both the inflow (annual mean 2.2 mg 

DIN L-1, 7.4 mg DSi L-1; minima 0.2 mg DIN L-1, 0.5 mg DSi L-1; data not shown) and 

lake (annual mean 2.9 mg DIN L-1, 2.7 mg DSi L-1; minima 0.2 mg DIN L-1, 0.2 mg DSi 

L-1; data not shown). 

The WRT for Rostherne Mere calculated for 2016 using the standard method was 0.82 

years (~10 months). The mixed lake WRT (WRTm) that takes account of the strong 

stratification for 8.5 months (mid-March to end-November), which limits the available 

lake volume for outflow export, gave an annual estimate of 0.57 years (~7 months).  

 

 

 

 

 

 

 

Calibration and validation of PROTECH 

The only calibration to PROTECH that was required was to include sediment released 

SRP into the hypolimnion between 1st June and 30th August, to reflect its build up over 

the period of stratification and subsequent mixing throughout the water column at 

overturn (see Methods). Other coefficients were left at their standard values. The 

resulting comparisons between observed and simulated variables for the year 2016 

were good for surface water temperature (R2 = 0.98, p < 0.001, RMSE = 0.64; Fig. 

6.3a), the concentration of SRP (R2 = 0.76, p < 0.001, RMSE = 48.7; Fig. 3b) and total 

chl-a (R2 = 0.93, p < 0.001, RMSE = 4.68; Fig. 6.3c). 

Table 6.1. Annual mean values (µg L-1) for soluble reactive 
phosphorus (SRP) and total, cyanobacteria and diatom 

chlorophyll a (chl-a). 

 SRP 
Total Chl-

a 
Cyanobacteria 

Chl-a 
Diatom 
Chl-a 

2016 
baseline 

94.4 9.5 5.3 0.9 

PROTECH 
validation 

78.2 12.2 7.2 1.4 

10x external 
SRP  

118.0 38.3 33.7 1.3 
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Figure 6.3. Validation plots comparing measured and modelled changes in Rostherne 

Mere during 2016; a) surface water temperature (ºC; R2 = 0.98, p < 0.001), b) Soluble 

reactive phosphorus (SRP) concentrations in the epilimnion (SRP µg L-1; R2 = 0.76, p 

< 0.001), c) chlorophyll a epilimnion integrated sample (chl-a, µg L-1; R2 = 0.93, p < 

0.001). 
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Figure 6.4. Response of annual average SRP concentration to altered external and 

internal phosphorus loads under three climate scenarios. Final modelled year average 

for each time frame is divided into an internal load percentage and external load 

percentage with a box and whisker plot representing the quartile range, 5th/95th 

percentiles and median values for the 11 UKCP09 climate model projections. Median 

values annotated above each box.  

 

Response of SRP concentration to future change 

Model simulations of possible changes to future internal and external SRP load, along 

with increases in air temperature over time, altered annual mean lake SRP 

concentrations. Reduction of the internal legacy SRP load alone had a greater effect 

on SRP concentration in the lake than changes in external load from inflowing streams 

(Fig. 6.4.). A reduction of internal loading from high to mid (60% of 2016 value) caused 

SRP concentration to change by -48.9% (Table 6.2.), while a reduction of internal load 

from high to low (20% of 2016 value) caused SRP concentration to change by -85.6% 

(Table 6.2.; external load high, i.e. no change from 2016 baseline). All reductions of  
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Table 6.2. Modelled annual mean values (µg L-1) for soluble reactive phosphorus 
(SRP), chlorophyll a (chl-a) and the ratio between Chl-a:SRP for different internal and 

external SRP loads and climate scenarios. Values based on the final year annual 
averages for 11 temperature model forecasts.   

 High external load Mid external load Low external load 

Internal 
load 

SRP Chl-a Ratio SRP Chl-a Ratio SRP Chl-a Ratio 

2011-2020  

High 89.0 20.0 0.22 86.0 18.1 0.21 83.0 16.0 0.19 

Mid 45.5 9.8 0.22 43.5 8.3 0.19 41.5 6.3 0.15 

Low 12.8 7.0 0.55 11.5 5.7 0.50 10.2 4.6 0.45 

2051-2060  

High 89.6 22.6 0.25 86.7 21.2 0.24 83.5 19.2 0.23 

Mid 44.8 10.6 0.24 43.0 9.1 0.21 40.9 7.4 0.18 

Low 12.7 7.2 0.57 11.4 5.7 0.50 10.0 4.7 0.47 

2091-2100  

High 93.6 21.8 0.23 90.9 20.0 0.22 87.6 18.2 0.21 

Mid 46.7 9.5 0.20 44.6 7.6 0.17 42.4 5.2 0.12 

Low 12.9 6.6 0.51 11.7 5.3 0.45 10.4 4.2 0.40 

 

internal loads under all future warming scenarios are statistically significant (Table 

6.3.). A reduction in external load in conjunction with a reduction in internal load 

amplified change, with an additional 1.3% (total reduction -50.2%; Table 6.2.) and 

2.2% (total reduction 87.8%; Table 6.2.) change in SRP load from high to mid and high 

to low internal load reduction, respectively. Additionally, an increase in air temperature 

(i.e. future climatic warming scenarios) combined with a reduction in internal load 

reduced the SRP concentrations further (external load high in 2100: -50.1% difference 

between high to mid internal load and -86.2% between high to low internal load; Table 

6.2.), which was again amplified in conjunction with a reduction of external load 

(external load low in 2100: -51.6% difference between high to mid internal load and -

88.1% between high to low internal load; Table 6.2.). 

Altering external load alone (i.e. maintaining current baseline of high internal load) had 

a smaller impact on SRP change compared to internal load change, with a -3.4% 

reduction between high and mid external load (Table 6.2.), and -6.4% from high to low  
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Table 6.3. Significance of external load change, internal load change and 
temperature change on the final modelled year annual soluble reactive 

phosphorus (SRP) for 11 future temperature models. F-values (df 2,30) and 
significance from single factor ANOVA (n=33) are presented. 

Significance of external load change 

Internal 
load 

Future time frame 

2011-2020 2051-2060 2091-2100 

High 1.53 ns 2.36* 29.46*** 

Mid 3.70 ns 3.79* 26.32*** 

Low 5.56** 17.28*** 47.52*** 

Significance of internal load change 

External 
load 

Future time frame 

2011-2020 2051-2060 2091-2100 

High 617.51*** 669.4*** 679.89*** 

Mid 851.28*** 854.34*** 885.94*** 

Low 2275.43*** 2509.7*** 2509.70*** 

Significance of temperature change 

Internal 
load 

External load 

High Mid Low 

High 1.63 ns 1.95 ns 1.81 ns 

Mid 1.08 ns 0.94 ns 0.81 ns 

Low 0.26 ns 0.47 ns 0.58 ns 

Note: ***p<0.001, **p<0.01, *p<0.05; ns p>0.05 

 

(Table 6.2.), these simulations not being statistically significant (Table 6.3.). However, 

the impact of the external load increased with a reduction in the internal load (under 

low internal load: -10.2% difference between high to mid external load and -20.3% 

between high to low external load; Table 6.2.), with external load change becoming 

increasingly statistically significant under low internal nutrient loading and future 

warming scenarios (Table 6.3.). Increasing temperature alone (i.e. nutrient loads 

remain the same over time) did not have a statistically significant effect on SRP 

concentration (Table 6.3.), altering it only slightly, with a ±<2% change between 2020 

and 2060 and a <6% increase between 2020 and 2100 (Table 6.2.).  

Response of chl-a concentration to future change in climate and nutrient load 

The concentration of chl-a responded to the alterations in SRP concentration (Fig. 

6.5.). With external loading at current (high) levels, a reduction in internal loading led 

to the greatest chl-a change, with a -51.0% (high to mid internal load) and -65.0% (high  
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Figure 6.5. Response of annual average chl-a concentration to altered external and 

internal phosphorus loads under three climate scenarios. Final modelled year average 

for each time frame is divided into an internal load percentage and external load 

percentage with a box and whisker plot representing the quartile range, 5th/95th 

percentiles and median values for the 11 UKCP09 climate model projections. Median 

values annotated above each box. 

 
to low internal load) reduction (Table 6.2.). All scenarios of internal load change were 

statistically significant (Table 6.4.). Like SRP, the chl-a reduction is amplified by a 

reduced external load or increased temperature (Table 6.2.). A combination of reduced 

internal loads, reduced external loads and increased temperature produced the 

greatest chl-a reductions (Table 6.2.). External load change in the absence of 

temperature change had a smaller impact, again this influence is amplified in 

conjunction with reducing internal load (Table 6.2.). The impact of changing external 

load on chl-a was statistically significant in all scenarios, with increasing significance 

in future temperature scenarios and reduced internal loads (Table 6.4.). 
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In future scenarios where nutrient loads remained constant but air temperature alone 

increased, chl-a concentrations increased by 0 to 20% between 2020 and 2060, with 

the biggest change in high nutrient loading scenarios and the smallest change in low 

nutrient loading scenarios (Table 6.2.). However, from 2060 to 2100, all nutrient 

scenarios suggested a decline in chl-a concentrations (Table 6.2.) by a range of -3.5% 

to -27.8%, with the largest reduction in the mid and low internal load scenarios and 

lower external load scenarios (Table 6.2.). Statistical significance of temperature 

change was only evident in the high nutrient load scenarios (Table 6.4.). 

The additional simulation of future change with a 10-fold external SRP concentration 

increase showed an increase in SRP and chl-a, with the predominant increase found 

in the cyanobacterial species abundance (Table 6.1.).  

 

Table 6.4. Significance of external load change, internal load change and 
temperature change on the final modelled year annual chlorophyll a (chl-a) for 11 
future temperature models. F-values (df 2,30) and significance from single factor 

ANOVA (n=33) are presented. 

Significance of external load change 

Internal 
load 

Future time frame 

2011-2020 2051-2060 2091-2100 

High 5.71** 7.02*** 47.42*** 

Mid 4.70* 3.63* 15.79*** 

Low 4.19* 19.85*** 84.44*** 

Significance of internal load change 

External 
load 

Future time frame 

2011-2020 2051-2060 2091-2100 

High 144.75*** 103.98*** 85.62*** 

Mid 180.50*** 145.82*** 95.39*** 

Low 202.10*** 151.37*** 216.16*** 

Significance of temperature change 

Internal 
load 

External load 

High Mid Low 

High 3.40* 3.41* 2.99 ns 

Mid 0.81 ns 1.09 ns 2.91 ns 

Low 1.84 ns 0.87 ns 2.03 ns 

Note: ***p<0.001, **p<0.01, *p<0.05; ns p>0.05 
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Figure 6.6. Annual average modelled phytoplankton blooms in future nutrient and 

climate scenarios. a) Cyanobacterial bloom assemblage size (red triangles; µg chl-a 

L-1) and bloom dominance as a percentage of modelled chl-a values (black dots; %). 

b) Diatom bloom assemblage size (red triangles; µg chl-a L-1) and bloom dominance 

as a percentage of modelled chl-a values (black dots; %). The three symbols in each 

segment represent high, mid and low external nutrient load scenarios (from left to 

right). Note that the sum of cyanobacteria and diatoms do not equal 100% as do not 

include cryptophytes, which showed little response so were not graphically 

represented.  

 
Response of phytoplankton to future change in climate and nutrient load 

Annual modelled phytoplankton assemblages differed between future scenarios (Fig. 

6.6a and 6.6b). Cyanobacterial dominance showed a substantial decrease in bloom 

size and proportional chl-a dominance between the high internal load and the mid and 
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low internal loads for all future scenarios (Fig. 6.6a). External load reduction had a 

greater influence by reducing cyanobacterial dominance in lower internal load 

scenarios, while temperature increased the cyanobacterial dominance in future 

warmer climates (Fig. 6.6a). The 10x increased external load scenario showed an 

increase in cyanobacterial dominance (88% of total chl-a; Table 6.1.), with a much 

larger bloom evident.  

Annual modelled diatom abundance (in terms of chl-a) showed little change under all 

future change scenarios (Fig. 6.6b). Due to the limited response in chl-a production, 

the relative contribution to total algal chl-a increased with a decreasing total chl-a (Fig. 

6.5.) and cyanobacterial bloom size (Fig. 6.6a). 

Figure 6.7. Response of annual average stratification patterns to future climate 

change. Box and whisker plots summarise the quartile range, 5th/95th percentiles and 

median of the 11 UKCP09 climate model projections for three future time frames and 

the impact on; a) average stratified mixed depth (i.e. thermocline depth), b) 

stratification length, c) time of stratification onset, d) time of stratification end 

(overturn). Single factor ANOVA f-values and significance included as annotation for 

each plot.  
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Response of lake thermal structure and stratification to future climate change 

Future temperature changes compared to the 2020 baseline (i.e. final year of 2011-

2020 future temperature scenario), represented an annual average increase of air 

temperature of 1.4 ºC by 2060 and 3.4 ºC by 2100. Increases in temperature altered 

the water column mixing and stratification patterns. Compared to the baseline climate, 

the annual average mixing depth increased by +0.48 m by 2060 and by +1.12 m by 

2100 (Fig. 6.7a), a statistically significant result (F(2,30) = 6.08, p < 0.01). 

Consequently, the WRTm increased from 0.57 years (using 2016 as baseline) to 0.58 

years by 2060 and 0.60 years by 2100, although the changes was not statistically 

significant.  

The increase in air temperature also led to a statistically significant earlier onset of 

stratification (Fig. 6.7b; F(2,30) = 5.30, p < 0.01). This was 6 days earlier by 2060 and 

14 days earlier by 2100. Thus, overall stratification duration increased significantly 

(Fig. 6.7c; F(2,30) = 5.09, p < 0.01), because the timing of the breakdown of 

stratification was unaffected by the future climate scenarios (Fig. 6.7d; statistically not 

significant difference F(2,30) = 0.22, p < 0.80). Longer periods of stratification changed 

the WRTm from 0.57 years (using 2016 as baseline) to 0.56 years by 2060 and 0.55 

years by 2100. However, the combination of deeper mixing (lengthening WRTm) and 

longer stratification (shorter WRTm) offset each other so that WRTm was 0.58 years in 

both 2060 and 2100.   

A small number of individual model scenarios of climatic warming suggested 

stratification overturn may not occur until early January the following year (shown here 

as the final day of the modelled year, day 360; Fig. 6.7d). These scenarios forecast 

the late stratification end time and in turn lead to a slightly later stratification onset the 

following year, explaining the range of stratifications projected by the 11 climate model 

scenarios and the benefit of using the average of these models.    

 

6.4. Discussion 

Internal legacy SRP limiting future recovery  
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Many lakes have been the focus of management intervention in an attempt to reduce 

previously high nutrient loads in order to improve ecological function (Schindler, 2006). 

However, nutrient recovery in some lakes has been slowed by the influence of internal 

sediment SRP release, annually replenishing the lake water column with large 

quantities of SRP (Sondergaard et al., 2005, Schindler, 2006, Jarvie et al., 2013a). 

Rostherne Mere is an excellent case in point; a long history of anthropogenic nutrient 

loading produced hypereutrophic conditions, with the subsequent management 

interventions only producing a slight recovery in lake nutrient concentrations (Moss et 

al., 2005), despite a large reduction in external P loads in the predominantly 

pastureland catchment of Rostherne Mere (Carvalho et al., 1995). However, the 

reduced P inputs did not lead to a similar reduction of P export, resulting in the lake 

becoming a large net source of P following sewage treatment works diversion, this net 

export is sustained to the present day with a net 552 kg TP exported during 2016. 

Chapter 3 (Radbourne et al., 2017) highlighted the efficient sedimentation and burial 

of algal production in Rostherne Mere, which delivers large quantities of P rich organic 

carbon to the sediment surface, some of which will be mineralised, releasing the bound 

P for algal utilisation and lake concentration replenishment. However, the quantities of 

P replenished from  mineralising algae in the water column cannot explain annual 

replenishment alone, highlighting the important role of internally loaded P from lake 

sediments during anoxic stratification (Nurnberg, 1984), producing high 

concentrations of SRP in the hypolimnion during stratification (>800 µg L-1), which at 

stratification overturn, annually replenishes the water column P concentrations, 

explaining the slow long-term recovery trajectory of Rostherne Mere over the last 25 

years (Moss et al., 2005).  

This study also supports this finding, clearly showing that the main driver of substantial 

change at Rostherne Mere would be the reduction of the large internal SRP load. For 

example, a reduction of the internal loads by 40% resulted in a 48.9% reduction in 

SRP and a 51% reduction in chl-a concentrations, compared to the same reduction in 

external load causing a reduction of just 3.4% in SRP and 9.5% in chl-a 

concentrations. The substantial difference between the importance of internal loads 

and external loads is explained by the relative load size change, with a much larger 

reduction in internal loading (baseline ~200 µg L-1) compared to external loading 

(baseline ~20 µg L-1). 
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A reduction in in-lake nutrient concentrations, following management intervention 

reducing external nutrient loading, can be delayed by the internal replenishment of 

sediment legacy SRP, especially in deep stratifying lakes (Sondergaard et al., 2005). 

Previous studies at Rostherne Mere have also suggested a delay in the recovery 

trajectory, since management intervention in 1991, is likely to be caused by the 

influence of internally loaded SRP (Carvalho et al., 1995, Moss et al., 2005). 

Comparison of observed data at Rostherne Mere supports this assessment with long 

term recovery delayed by the internal legacy SRP load building a substantial 

hypolimnetic SRP concentration during stratification, which, with autumn overturn, 

replenishes the whole lake SRP pool and persists into the next spring. It has been 

suggested that over time the internal legacy SRP can be controlled and reduced 

through the reduction of external SRP loads, eventually exhausting the standing 

internal legacy SRP store, yet a full lake response may take decades or longer (Jarvie 

et al., 2013a) depending upon the lake morphometry and store size (Sondergaard et 

al., 2005). This study was based on the 2016 baseline internal SRP release. However, 

in future warmer scenarios it can be assumed that changes in stratification patterns 

(i.e. deeper and/or longer stratification) will lengthen periods of anoxia for increased 

internal SRP release (Hecky et al., 2010, Jarvie et al., 2013b). Therefore, it is possible 

that with future warming the internal load contribution may increase through longer 

periods of anoxia promoting P release, however, this may be offset or surpassed by 

the gradual decrease in P available for remobilisation as the sediment source 

exhausts.    

Contribution of internal and external loads to the concentration of Chl-a 

In the past, management interventions to reduce nutrient concentrations in lakes have 

mainly focused on reducing the external loads of SRP from the catchment (Sas, 1989). 

However, with the impact of large internal sediment SRP loads slowing the recovery 

trajectories of many lakes (Sondergaard et al., 2005), the current and future focus of 

lake management strategies is turning to other approaches such as chemically limiting 

the internal sediment contribution (i.e. phosphate inactivation agents; Meis et al., 2013, 

Zamparas and Zacharias, 2014, Hupfer et al., 2016), as it will have the greatest 

influence in reducing the in-lake SRP concentrations, as seen in this study.  
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However, here I find the reduction of chl-a concentrations to be non-linear to the 

reduction of SRP concentrations. The model simulations show that there is a greater 

proportional reduction in SRP to chl-a with a reduction of internal load (Table 6.2.), 

with scenarios of high internal and high external load having a chl-a:SRP ratio of 0.22, 

compared to scenarios of low internal and high external load having a chl-a:SRP ratio 

of 0.55, a substantial increase in ratio. Only reducing the external load (i.e. internal 

load and climate unchanged) results in a slight chl-a:SRP ratio reduction, which 

suggests external load is a key driver in chl-a production despite its small impact on 

SRP load. Similar non-linear patterns between chl-a and SRP are evident in all nutrient 

scenarios. Statistical analysis confirms the importance of the external load for chl-a 

concentrations, which is statistically significant for all nutrient scenarios, while external 

load reduction is only significant for SRP when internal loading is low, predominantly 

due to the increasing relative ratio of load size (i.e. the external load has a greater 

proportion of the total nutrient input), or with future temperature influence.  

The high nutrient scenarios that have a proportionally low chl-a concentration may be 

explained by the influence of light limitation through algal self-shading, which has been 

previously cited as a potential factor limiting growth at Rostherne Mere (Reynolds and 

Bellinger, 1992, Carvalho, 1993). However, although light limitation could have some 

impact on the production capacity at Rostherne Mere (in the high nutrient scenarios), 

it does not explain the proportionally high importance of the external load on chl-a 

compared to SRP. The luxury uptake of SRP by phytoplankton could also go some 

way to explain the variation in the chl-a to SRP ratios, though it may only sustain 

growth for ~2 weeks  (Eixler et al., 2006, Powell et al., 2009). However, although this 

may affect observations at Rostherne Mere, the PROTECH model does not include 

the function to model luxury uptake and as such cannot be the reason behind the 

variation in this study.   

Here I propose the reason for the non-linear responses in chl-a:SRP ratio from 

changes in external load at Rostherne Mere is caused by seasonal nutrient availability 

and subsequent importance of timing of the nutrient replenishment from external 

inflow. Rostherne Mere begins the year with a high SRP concentration following the 

large internally replenished SRP load during the winter mixing, which always occurs 

after the end of the previous year growing season. The high in-lake concentrations 

decline with dilution by inflow of stream water with a low SRP concentration and 
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phytoplankton utilisation, so that by mid-June SRP concentrations are representative 

of the inflow. Therefore, from this point SRP will be replenished predominantly from 

the inflow, because internally-generated SRP replenishment from the decomposition 

of dead, moribund and senescent phytoplankton in the water column (see chapter 3; 

Radbourne et al., 2017) and hypolimnion entrainment are both very low. Thus, a 

reduction in the external SRP load, although having a minor impact for much of the 

year (e.g. November to mid-June) due to the high SRP load from the internal legacy 

store, will have a greater importance in replenishing the SRP later in the year, driving 

late-summer phytoplankton blooms and subsequent chl-a concentrations. 

Furthermore, the future scenario of a 10-fold increase in external SRP concentration, 

designed to simulate an unmanaged catchment, showed a substantial increase in SRP 

and chl-a, driven by a rise in summer blooms (33.7 µg chl-a L-1; model validation 

baseline 7.2 µg chl-a L-1). The substantial rise in the summer cyanobacterial blooms 

with an increase in the external SRP concentration under current conditions, confirms 

the role of the external load in replenishing the late summer SRP, highlighting the 

importance of the external load management in lakes such as Rostherne Mere. 

Additionally, whilst not modelled here, the UKCP09 model projections suggest with 

future climate change there will be an increase in precipitation (Murphy et al., 2009). 

Thus, with increasing precipitation it can be assumed external SRP (and TP) load 

would increase through the higher inflow flow rate (Andersen et al., 2006, Jeppesen 

et al., 2011). Therefore, the potential increasing external load driven by future climate 

change highlights the necessity for continued external load management. Despite the 

relatively small influence at the annual scale of external SRP loads on the in-lake SRP 

concentration in current high internal load scenarios, the importance of external load 

management should not be underestimated because it disproportionally supports chl-

a production, especially in the late summer. Thus, management of the external SRP 

load is still of great importance, even though reducing the internal load is the main 

driver of a reduction of annual concentrations of SRP and chl-a.  

The effect of climatic warming on the concentration of Chl-a  

Increased air temperature between 2020 and 2060 led to a slight increase in chl-a 

concentration, without nutrient load adjustment, as is seen in other studies (Elliott et 

al., 2016, Izmest'eva et al., 2016). The increase was smaller in low nutrient 
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concentration scenarios, as found elsewhere (Tadonleke, 2010). Statistical analysis 

confirmed the modest impact of temperature increase on chl-a, with only the two 

highest nutrient concentration scenarios statistical significance found in being 

significantly different. However, chl-a concentrations at higher temperatures 

corresponding to the 2100 time period were lower than those forecast for 2060, 

resulting in an overall reduction in chl-a from the 2020 forecast, apart from under the 

high internal load scenario. This reduction in chl-a with continued warming at mid and 

low internal SRP loads is counter to other modelling studies simulating warming, that 

reported a step change increase with higher warming scenarios in similar lake systems 

(Tadonleke, 2010, Elliott et al., 2016). I attribute this response in Rostherne Mere to 

the effect of increased temperature on stratification patterns that affects the cycling 

and availability of nutrients (discussed later).  

Phytoplankton assemblage change driven by climate and nutrient loads 

Modelled cyanobacterial blooms showed a similar response to change as chl-a under 

future change scenarios, with internal load driving the major adjustment in 

cyanobacterial chl-a, external load having a greater influence in low internal load 

scenarios and temperature increasing cyanobacterial chl-a. However, in lower internal 

load scenarios, cyanobacterial blooms were substantially reduced in proportion to total 

chl-a, highlighting the importance of the internal load on lake algal ecology. A decrease 

in external load had less effect on cyanobacterial blooms than a reduction in internal 

load, yet had the potential to play a significant role in cyanobacterial production under 

lower internal loads or if management controls were to be removed (i.e. 10x external 

load scenario), confirming the importance of continued management control of 

external nutrient loads on the algal community.  

Temperature increase led to an increase in cyanobacterial dominance, as has been 

seen in other studies (Paerl et al., 2011, Elliott, 2012a, Kosten et al., 2012). The 

cyanobacterial decrease under future climates followed a pattern that was similar to 

chl-a (see above). However, diatoms did not show a proportional change in chl-a. With 

blooms forming in spring, diatoms utilise the higher levels of SRP (and dissolved Si) 

available early in the year produced by the internal load released into the whole water 

column on destratification at the end of the previous year. Therefore, the diatoms are 

not significantly nutrient limited in any future change scenario, and are largely 
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unaffected by reduced internal and external nutrient loads. The relatively small 

response of diatom chl-a to changing nutrient loads, compared with the reduction seen 

in the cyanobacterial blooms, results in diatoms contributing more of the algal chl-a as 

cyanobacterial blooms decline under lower nutrient load scenarios. 

Climatic warming alters stratification depth, length and timing 

The large range of SRP concentrations in Rostherne Mere across the annual cycle is 

predominantly driven by the long stratification (0.71 years) and rapid flushing rate (0.82 

years WRT method; 0.57 years WRTm method). Strong stratification allows anoxia to 

develop at depth, promoting SRP release and minimising the entrainment of SRP into 

the surface layer during the growing season. A long-stratified period results in a late 

breakdown and subsequent release of SRP into the upper water column after the end 

of the growing season. During winter mixing, the flushing rate decreases due to a 

larger volume available to flush (see WRTm), despite higher discharge, therefore 

concentrations of SRP persist until spring when increased flushing rate from 

stratification onset and an improved light climate for biological uptake reduce the 

available SRP in the epilimnion. Therefore, a change in the development of 

stratification at Rostherne Mere could influence the cycling and availability of nutrients.  

A warmer climate has been shown to increase the mixed depth, with higher air 

temperatures altering the thermal dynamics in the epilimnion (Gauthier et al., 2014, 

Liu et al., 2014). Here, the increase in mixed depth in Rostherne Mere (represented 

by the average thermocline depth during stratification) was also statistically significant 

under future scenarios of a warmer climate. A deeper mixed layer increases the 

available water column susceptible to flushing and hence increases the retention time. 

An increase in WRTm would lead to an increase in nutrient availability, as epilimnion 

flushing will take longer to reduce high concentrations of early spring. Yet, the increase 

in WRTm is small and the increase in mixing depth would be unlikely to have a large 

influence on the algal populations. 

The duration of stratification can be increased in a warmer climate, as found by others 

(Liu et al., 2014, Izmest'eva et al., 2016) and here. A longer stratification time would 

lead to a faster flushing rate with the mean average lake volume available for flushing 

(i.e. epilimnion) being smaller for longer in the year. Here, the impact of the future 

projected increase in stratification length led to a slight decrease in WRTm that would 
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lead to less nutrient availability, thus smaller phytoplankton blooms. However, the 

decrease is again minor and is likely not to be significant in isolation. The combination 

of deeper stratification lengthening the WRTm and a longer stratification shortening the 

WRTm, in the case of Rostherne Mere, is forecast to result in a net offset and so will 

have a minimal effect. 

The earlier onset of stratification could lead to the utilisation of available nutrients 

earlier in the year, with the access to nutrients in the hypolimnion restricted for longer. 

Therefore, nutrient concentration reduction through dilution and uptake may lead to 

changed timing of nutrient availability, possibly reducing the nutrient store earlier in 

the year before summer cyanobacterial blooms dominate, resulting in a reduction of 

bloom size. Evidence of such reductions is seen in the lower chl-a concentrations in 

2100 scenarios compared to the 2060 scenarios. Earlier stratification onset in 2100 

leads to earlier nutrient limitation and thus lower productivity for a larger part of the 

summer period. Furthermore, the net reduction of chl-a from 2020 to 2100 in low 

internal load scenarios highlights the importance of the legacy (sediment) SRP 

replenishment for sustaining the baseline chl-a production. Therefore, with low internal 

load replenishment and reductions of external load, the limitation effect is amplified 

(i.e. lower chl-a production) due to the role of external load in sustaining the summer 

production. 

Contextualising the scenario space 

The likelihood of the future scenarios assessed in this study becoming a reality for 

Rostherne Mere is difficult to quantify as it relies on the actions of many different 

stakeholders and environmental conditions. Therefore, I have presented a full range 

of possibilities from the current nutrient load to a much-reduced state following 

potentially far greater management intervention. The most likely scenarios are the 

future temperature projections due to the 11 detailed models utilised from the UKCP09 

data sets (Murphy et al., 2009). The external load at Rostherne Mere following sewage 

treatment works diversion in 1991 reduced rapidly (Carvalho et al., 1995) and has 

since been relatively stable (Moss et al., 2005) and therefore may be expected to 

remain stable at the current high scenario into the future. However, additional 

management intervention has the potential to reduce further the external load, yet the 

likelihood of this happening will be dependent upon the future management priorities 
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and budgetary availability. As Rostherne Mere is a SSSI and Ramsar site it has the 

potential to be a priority for future further intervention, but the nature and scale of any 

intervention, and the impact this could have upon the external load, is uncertain. The 

likelihood of the internal load scenarios is also unclear. A gradual exhaustion of the 

sediment P source should be expected due to the large net annual P export (552 kg 

TP in 2016). However, although the sediment P-source is not infinite, the long history 

of nutrient enrichment, together with the high sedimentation and burial rate (see 

chapter 3; Radbourne et al. (2017), implies it could be very large and may take 

decades or even centuries to exhaust gradually (Reddy et al., 2011, Sharpley et al., 

2013). Furthermore, management intervention may also play a role in the internal load 

contribution with the increased popularity of phosphate inactivation agents (i.e. 

aluminium addition, Meis et al., 2013, Zamparas and Zacharias, 2014). However, like 

the argument for additional external load management above, these management 

interventions are costly processes with mixed longevity of results and uncertain wider, 

longer-term ecological impacts (Jensen et al., 2015, Huser et al., 2016a). Rostherne 

Mere has previously been considered as a test site for regional phosphate inactivation 

agent treatment, yet was decided to be too costly to try at this time (Genevieve 

Madgwick, Natural England, pers. comms.), yet clearly future management priorities 

and budgetary availability are difficult to predict.  

 

6.5. Conclusion 

Rostherne Mere’s trophic trajectory towards recovery, monitored since 1991, has been 

limited by the large annual internal loading of SRP from the profundal sediment. Future 

scenarios of changes in internal SRP load, external SRP load and air temperature 

over the rest of the 21st century show that this legacy sediment SRP loading will control 

the extent of lake recovery, with alterations in internal load leading to the greatest 

change in concentration of SRP, chl-a and cyanobacterial populations. However, 

internal load reductions are realistically unlikely to occur on the large scale modelled 

in this study within the next century. Conversely, external SRP loading may have the 

potential to be reduced by management within a much shorter timeframe (i.e. <10 

years). Therefore, external SRP loading, although having a relatively small influence 

on future SRP scenarios, does have an important role in the future chl-a production at 
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Rostherne Mere, due to the replenishment of SRP throughout the summer, sustaining 

the summer cyanobacterial blooms. The summer reduction in SRP is brought about 

by the combination of a long stratification time and fast flushing rates, leading to the 

mixed epilimnion being diluted by the managed external contribution. Climate appears 

to have the smallest direct influence on the future of nutrient utilisation and change at 

Rostherne Mere. However, the indirect impact of changing stratification patterns (i.e. 

mixing depth, length and onset timing) and potential for increased internal loading 

contributions, could decrease the available nutrients in the epilimnion in late summer 

and autumn, yet increase the internal load contribution for winter replenishment, 

subsequently adjusting the rate and trajectory of future recovery and potentially 

altering algal community structure.   
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7. Thesis Synthesis 

 

7.1. Disentangling nutrients and climate  

The findings in this research aim to disentangle nutrients and climate as drivers of 

change in a deep eutrophic freshwater system by looking at the past, present and 

possible future trajectories of change. Historically Rostherne Mere has been impacted 

by anthropogenic nutrient enrichment from a sewage treatment works upstream of the 

lake. The substantial rise in nutrient concentrations over the 20th century increased 

phytoplankton production, thus increasing total sedimentation. This reflected in an 

increase in the organic carbon burial rate (see chapter 3). Furthermore, with a rise in 

trophic status, it has previously been reported that there was an alteration in the 

phytoplankton dominance, with a move towards a dominance of cyanobacteria 

(Reynolds & Bellinger, 1992), which remains dominant in summer to present (see 

chapter 4). 

Diatom assemblages are shown in this research to be rapidly adjusting to changes in 

their environment (chapter 5). Climatic extremes and changes in nutrient availability 

(through gradual nutrient reduction or shifts driven by climatic perturbation altering 

cycling patterns) will influence the diatom species dominance and overall production 

size. Therefore, with diatoms responding to changes in the environment and these 

changes having an impact on the OC burial potential of a lake, the feedback of climate 

and nutrient change is further reaching than just an environmental proxy of ecological 

change, yet extends to wider implications of broad scale ecosystem services. For 

example, in 2012 the low sediment and diatom yield in the sediment traps following a 

poor growing season from extreme summer weather conditions would have led to a 

much reduced OC burial for that year. This reduced burial signal will likely be gradually 

lost in the sediment archive, especially with 2013 producing a larger than average 

sediment yield (see chapter 5), yet, it does go some way to highlight the importance 

of climate variability upon not only phytoplankton assemblages, but also other areas 

such as OC burial. Appendix 3 provides additional data from a sediment core that has 

been assessed for diatom assemblages. It shows diatom abundances had increased 

during the early part of the 20th century in line with that evident in the phosphorus 

concentrations and OC burial rate (see Appendix 3 fig. 3), with the increase in diatoms 

during this time having greatly contributed to the increasing OC burial rate (chapter 3). 
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Towards the height of nutrient concentrations the diatoms in the core suggest a 

downturn in the total diatom accumulations (see Appendix 3 fig. 3), likely as an impact 

of being outcompeted by cyanobacterial blooms (see chapter 4) in these very high P 

concentrations and maybe as an influence of Si limitation (see Appendix 3). 

Interestingly during this time the dip in diatom accumulations corresponds to a lower 

OC burial rate data point (see Appendix 3 fig. 3). Potentially, this lower OC burial rate 

during the peak nutrient concentrations is a function of the switch to a predominantly 

cyanobacteria dominated system with less diatom production, as cyanobacteria are a 

more labile (soft) algae that can be mineralised more easily than the more stable (hard) 

siliceous walled diatom frustule. Therefore, with an increased cyanobacterial 

dominance, a higher proportion of the total production may be mineralised compared 

to a diatom dominated system, leading to a reduction in the total OC sedimented for 

burial. This link between OC burial rates and a shift in dominant phytoplankton type is 

an interesting hypothesis that requires further research exploration. 

Following management intervention for nutrient reduction, by re-directing the sewage 

treatment works in 1991 and implementing agricultural catchment nutrient plans 

(Carvalho, et al. 1995), the early signs towards a reversal in the trajectory of change 

is evident. The reduced catchment nutrient loads and lake concentrations (chapter 4), 

has reduced OC burial rates (chapter 3) and total diatom production (Appendix 3 fig. 

3). Importantly, with the reduction in external nutrient concentrations the in-lake stores 

of nutrients (i.e. internal P loading) and the seasonal catchment hydrology (i.e. flushing 

rate) have become key drivers of current change (chapter 4). The annual internal P 

loading, replenishing the water column each winter, sustains the high trophic status of 

the lake (chapter 4). However, flushing rates are shown to have an impact on the 

seasonal ecology, with the rapid flushing of the epilimnion reducing the available 

nutrient concentrations by mid-summer (chapter 4), having the potential to limit algal 

growth. The pace at which the epilimnion flushes is driven by the meteorological 

conditions, with increased rainfall leading to faster flushing rates, as was seen in 2012 

where unusually high summer rainfall reduced the number of diatoms in the sediment 

trap collections (chapter 5). It can be noted here, some cyanobacteria, have been 

shown to have the ability to mobilise between the nutrient-poor yet warm and light 

epilimnion and the nutrient-rich yet cold and dark hypolimnion, to sustain growth that 

may otherwise be limited in conditions like those seen at Rostherne Mere (Head et al. 
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1999), therefore they may not be impacted as greatly by this nutrient flushing driver 

as other phytoplankton might be.  

Looking forward to possible future scenarios of change at Rostherne Mere (chapter 

6), there is a clear importance in the nutrient load management, with the internal load 

projected to be the main driver of possible change and the external nutrient load 

together with flushing rates a key for the late-summer phytoplankton growth 

(corresponding to results in the current lake assessment, see chapter 4). Future 

gradual changes in climate scenarios will alter the catchment and lake hydrology, 

adjust stratification timings and ultimately impact the nutrient cycling and availability 

for the phytoplankton, these all of great importance for the lake ecological balance, 

through the changing impacts of nutrient replenishment and flushing rates (chapter 4) 

and extreme variability causing short-term shifts in state (chapter 5).  

Lake restoration efforts (i.e. nutrient reduction) and climate are shown to work in both 

additive and antagonistic ways. A warmer and wetter future climate will lead to 

increased flushing and longer stratification (chapter 6), that produces a higher net 

export and lower epilimnion concentration of nutrients in a well-managed catchment 

(chapter 4), thus a greater lake recovery. Yet, a reduction in nutrients (chapter 3) and 

climatic extreme events (chapter 5) leads to less phytoplankton production and 

sedimentation, therefore less OC burial.  

Overall, this study highlights that environmental change (recovery and climate) drives 

freshwater systems (through direct nutrient change and indirect flushing impacts). 

These changes in the freshwater system lead to shifts in the dominance of 

phytoplankton types (i.e. cyanobacteria vs diatoms), that can cause cascading impacts 

across the system, such as changes in OC burial rates through changes in the total 

production size and / or the variation in the lability of the dominant phytoplankton type 

(i.e. more stable siliceous diatoms vs labile cyanobacteria).  

7.2. Management implications  

This study has found the past, present and future of Rostherne Mere is predominantly 

driven by nutrient loads as a long-term implication of recent (i.e. last ~100 years) 

historical anthropogenic enrichment. The long-term impact of this nutrient enrichment 

has implications for management intervention and recovery target setting, because 

not only can the recovery process be delayed by large quantities of legacy P stored in 
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the sediment and released annually via internal loading (see chapter 4), subsequently 

being aesthetically and financially costly (Pretty et al., 2003), yet can lead to a new 

(meta)stable state being reached, not returning to a previous baseline target state (see 

chapter 5). Management target setting in impacted lakes is a difficult task with many 

issues surrounding the definition of a reference point for recovery targets (Bennion et 

al., 2011, Poikane et al., 2014) as many lakes have been impacted for decades to 

centuries or even longer by anthropogenic activity (Lotter, 1998, McGowan et al., 

2012, Mills et al., 2014). Additionally many lake recovery trajectories differ from a 

simple linear return to a past state (Battarbee et al., 2012). Furthermore, in lakes such 

as Rostherne Mere that have a large range of annual nutrient concentrations, a 

consideration of the management classification assessment should be made, as 

currently it does not take into account the seasonal variation possible in each individual 

catchment. For example, this study highlighted that Rostherne Mere for part of the 

year has low P concentrations (summer; see chapter 4), implying that managed 

recovery has been a relative success, however, due to the high average annual 

concentrations (boosted by winter high concentrations; see chapter 4) Rostherne’s 

current management status is highly undesirable.  

The implication of climate change for management target setting adds a further issue 

for effective and realistic targets. The future projections for a changing climate will not 

only directly impact the lake through altering the physical limnological regime over a 

short (see chapter 5) and longer-term (see chapter 6), yet it will also indirectly impact 

the cycling and availability of the nutrient loads (see chapter 6), diverting the 

anticipated managed recovery trajectory along a new path. Therefore, this study 

highlights the growing requirement for management practitioners to consider the policy 

for setting and reviewing recovery targets in impacted systems, defining more realistic 

metrics and processes to inform future decision making (Carvalho et al., 2013, 

Poikane et al., 2014). Furthermore, beyond the changes in the water body itself, future 

changes in catchment land use will also be of upmost importance for change, requiring 

assessment to support the implementation of freshwater management policies (Hering 

et al., 2015). For example, climate change can lead to natural changes in vegetation 

and crop selection, or anthropogenic infrastructure developments can alter the 

hydrology and nutrient transfer within the catchment, as has been seen recently within 

the Rostherne Mere catchment from the building of a new major road system, 



129 
 

disturbing the subsoils and leading to increased allochthonous sediment transfer 

(Keaveney et al., in progress), and altering the north catchment hydrology and nutrient 

use on the land with a change from agriculture to hard standing road.  

Additionally, this research highlights the increasing requirement for lake managers to 

consider the wider implications of nutrient recovery schemes, as lakes have the great 

capacity to bury vast quantities of carbon within their sediments over geological 

timescales (i.e. 103 to 105 years; see chapter 3). Therefore, in lake systems that have 

a propensity to bury autochthonous carbon and may be difficult to recover to desirable 

target levels, a cost-benefit analysis might take advantage of this by enhancing some 

ecosystem services (i.e. carbon sequestration) while also providing a  financial saving 

for management intervention, introducing the option of selective lake recovery 

management. However, at a lake with protected status, like Rostherne Mere (SSSI, 

NNR, Ramsar), other ecosystem services will likely take priority for management 

target setting.  

Finally, this study highlights the importance of combining short-term and long-term 

limnological techniques for the assessment and future projections of change. The 

observed inter-annual variability highlights the importance of long-term monitoring, 

with Rostherne Mere’s rich history of scientific interest making it one of the most 

important freshwater bodies in the UK and beyond. Therefore, continued monitoring 

and assessment of the proxies of change will provide an excellent opportunity for 

continued understanding of freshwater bodies and their catchments under changing 

anthropogenic and climatic impact.   
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9. Appendices 

 

9.1. Appendix 1: Lake specific total-OC fraction 

Mass-spectrometry elemental analysis was conducted for 23 sediment samples from 

a combination of sediment core and sediment trap sources. A range of organic matter 

percentage (OM%) samples were selected to generate an estimated OM to total 

organic carbon (TOC) conversion, specifically for application to Rostherne Mere 

sediment samples. 

The analysis suggested the mean TOC percentage of OM at Rostherne Mere was 

56% in the sediment core and 57% in the sediment traps.  

The data collected is presented below: 

Sample 
no. 

d13C %C %N C/N 
Trap 

or 
Core 

Depth LOI% 
%C / 
%LOI 

1 -30.3 11.7 1.0 11.7 Trap Shallow 25.02 0.47 

2 -30.5 28.9 3.9 7.5 Trap Shallow 54.52 0.53 

3 -28.7 33.2 5.0 6.6 Trap Shallow 63.64 0.52 

4 -29.2 13.8 1.2 11.7 Trap Shallow 45.94 0.30 

5 -33.4 13.5 1.5 9.3 Trap Shallow 29.14 0.46 

6 -29.9 24.1 2.8 8.7 Trap Shallow 36.92 0.65 

7 -27.4 23.5 2.8 8.3 Trap Shallow 40.00 0.59 

8 -27.2 29.3 3.7 7.9 Trap Shallow 46.54 0.63 

9 -27.6 27.1 2.3 11.7 Trap Shallow 50.92 0.53 

10 -30.0 9.1 0.6 14.5 Trap Deep 23.73 0.38 

11 -33.1 24.3 3.2 7.5 Trap Deep 38.63 0.63 

12 -27.0 38.0 2.5 15.5 Trap Deep 54.66 0.69 

13 -29.8 15.3 1.3 11.5 Trap Deep 29.61 0.52 
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14 -34.1 17.7 1.7 10.3 Trap Deep 35.34 0.50 

15 -32.6 28.5 3.6 7.8 Trap Deep 42.83 0.67 

16 -30.8 31.4 4.3 7.3 Trap Deep 30.27 1.04 

17 -26.4 32.1 4.0 8.0 Trap Deep 47.81 0.67 

18 -28.4 27.3 3.6 7.6 Trap Deep 49.77 0.55 

19 -28.7 14.3 1.2 11.7 Core 
7.5 (~AD 

1997) 
21.31 0.67 

20 -27.6 17.8 1.4 12.4 Core 
17.5(~AD 

1985) 
27.28 0.65 

21 -28.7 7.6 0.6 12.7 Core 
54.75 (~AD 

1905) 
14.06 0.54 

22 -28.4 5.8 0.5 12.4 Core 
82.75 (~AD 

1645) 
13.97 0.41 

23 -28.6 7.5 0.6 12.8 Core 
110.25 (~AD 

1375) 
14.80 0.51 

         

      Total mean 0.57 

      Trap mean 0.57 

      Trap without outliers 
mean 

0.57 

      Core mean 0.56 

      Total median 0.54 
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9.2. Appendix 2: In-trap mineralisation experiment 

 

Sediment traps have been widely used in lakes since the 1950s (Bloesch and Burns, 

1980). These simple devices for measuring downward settling flux can be utilised for 

high-resolution detection of short-term flux events (Kulbe et al., 2006) and for 

estimating resuspension within the water column with an array of traps at multiple 

depths down the water column (Charlton and Lean, 1987, Bloesch, 1994). However, 

issues of calculating the within trap mineralisation still remain unresolved (Horppila 

and Nurminen, 2005). It is believed due to the variety and complexity of seasonal and 

lake to lake differences, a generalised solution for all lake systems unfeasible (Bloesch 

and Burns, 1980).  

Previously it has been proposed that traps must be reset at regular intervals (>2 to 4 

weeks) to limit the perceived implications of in trap mineralisation. However, with the 

development of automated sequencing traps allowing for a consistent monitoring of 

settling detritus over a long term, this regularity of trap recovery can be logistically and 

financially difficult. Therefore, this study provides details of an experiment to replicate 

the mineralisation loss within a trap over a 6-month period. The experiment design 

replicates the conditions of trap collections in deep, nutrient rich, anoxic stratifying 

lake, using an automated sequencing trap.   

Materials and Procedures 

The experiment design replicates the lake conditions at Rostherne Mere, UK, a deep 

(~30m), cool (~5°C), highly productive lake that annually stratifies with a completely 

anoxic hypolimnion for ~8 months of the year. The simulated trap design is an 

automated sequencing trap that turns to seal each collection bottle on a predetermined 

programme, such as the technicap PPS 4/3 (1310 mm length / 252 mm internal 

diameter, 1:5.1 trapping ratio, 0.05 m-2 trapping area; 

http://www.technicap.com/images/product/pps-4-3.pdf).  

To simulate trap collection, approximately 1kg of live algae was collected from the 

surface water of the Rostherne Mere basin in early July 2015. Additionally, 20L of 

hypolimnion water from a water depth of 25 m was collected in sealable HDPE bottles 

to provide a representative sample of anoxic bacterial microbes. All samples were 
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transported cool, dark and sealed to the laboratory where it was stored in a dark cold 

room at 5°C for 1 night to allow the algae to settle.  

The following day the fresh algae containers were carefully siphoned into another 

container and the macro-algae was removed and placed on paper towels to remove 

as much of the additional water content as possible. The macro-algae were then mixed 

to homogenise the sample and divided into ~10 g sub-samples, weighed and placed 

in 54 individually labelled 250 ml HDPE bottles. The remaining water and sediment 

from the fresh algae containers was then filtered using a vacuum pump and GF/F 

paper to concentrate the micro-algae component into a well-mixed epilimnion water 

sample. 150 ml of the epilimnion water sample was then added to each individual 

sample bottle and three additional empty control bottles to assess the average micro-

algae contribution. Finally, 70 ml of the well mixed hypolimnion water sample was 

added to the individual sample bottles to ensure fair representations of anoxic bacteria 

are present as they would be in the field. The bottles were then stored in a dark and 

cool (~ 6°C) location, except for the triplicate control 0 day set samples and the 150 

ml epilimnion water control samples that were frozen.  

Triplicate sets of the individual sample bottles were removed and frozen on a 

predetermined pattern at the same time of day (3pm on day; 1, 3, 7, 14, 28, 42, 56, 

70, 84, 98, 112, 126, 140, 154, 168, 182, 196).  

All samples were freeze-dried, weighed and analysed for organic matter (OM) using 

sequential loss-on-ignition, OM calculated by weight loss after 3 hrs at 550°C (Dean, 

1974).  

The total weight remaining in each bottle after freeze-drying was then compared as a 

ratio loss to the start weight (macro-algae weight added + mean epilimnion water 

sample micro-algae weight). Each triplicate set was calculated to form a mean ratio 

for comparison to the control set 0.  

Data Assessment 

The experiment result shows that during the first 7 days the loss in the samples 

showed no noticeable pattern of mineralisation (Appendix 2 - Figure 1). However, trap 

exposure lengths from this stage onwards shows significant mineralisation loss 

(Appendix 2 - Figure 1). The quickest loss rate is seen during the first ~70 days of 
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exposure, which then begins to slow gradually, plateauing to near no loss by ~180days 

(Appendix 2 - Figure 1).     

Appendix 2 - Figure 1. Sediment trap experiment loss from control set 0.  Each date 

contains triplicate set with mean error. Quadratic regression curve fitted with 95% 

confidence bands.   

 
This experiment can be used as an example of sediment trap mineralisation 

corrections against time (still to be assessed further), providing a reliable assessment 

of longer term automated sediment trap studies in deep, nutrient rich lakes. The wider 

application of this experiment is potentially limited by the representation of lake type 

and the focus on autochthonous production as the dominant sediment source. Future 

analysis is planned to determine the wider application of this experimental data set.  
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9.3. Appendix 3: Sediment core diatom analysis 

 

In addition to the studies conducted in this thesis, a sediment core was collected and 

analysed for diatom assemblages in 2016. A 55 cm long sediment core (RM-EK-2016, 

hereafter the RMEK core) was collected at 26 m water depth in March 2016 using a 

0.75 m HON-Kajak gravity corer (Renberg, 1991), extruded at 0.5 cm intervals on-site, 

sealed and stored cold for transport to the laboratory. For all samples organic matter 

(OM) was determined using sequential loss-on-ignition, where OM was calculated by 

weight-loss after 3 hrs at 550ºC (Dean, 1974). The %OM profile for RMEK was 

correlated to the %OM of a previous long sediment core (RM-LIV-2011; see chapter 

3; Radbourne et al., 2017). Samples from RM-LIV-2011 had been analysed via alpha 

spectrometry for 210Pb activity (by Dr. D. R. Engstrom of the Science Museum of 

Minnesota) to determine chronology and sediment accumulation rates according to 

the CRS (constant rate of supply) model with confidence intervals calculated by first-

order error analysis of counting uncertainty (Appleby, 2001).  

The comparison of the %OM profiles in the RMEK and RM-LIV-2011 sediment cores 

showed a strong correlation (Fig. 7.1. and Fig. 7.2.), enabling the confident estimation 

of sediment age to be applied to the RMEK sediment core. Core sediment was 

prepared for diatom identification and analysis conducted using the same methods 

outlined in chapter 5 (Renberg, 1990). Total diatom abundance was calculated from 

the diatom to microsphere ratio, given known additions of microspheres, using 

methods outlined in Battarbee and Kneen (1982), with diatom valve accumulation rate 

calculated from sediment dry density and core bulk sedimentation rate. Historical 

observations of diatom crops at Rostherne Mere have been made since 1941 (Lind, 

1944) and have been monitored almost continuously from 1962 to 1999 (Belcher and 

Storey, 1968, Reynolds and Bellinger, 1992, Moss et al., 2005). This data series was 

transformed into a record of relative abundance at an annual scale using three 

categories; absence (not present), present (1-40% seasonal bloom size) or dominant 

(41+% seasonal bloom size). Diatom identifications were conducted using an inverted 

microscope  (x400 magnification) for live sample analysis, although this method 

provides a suitably quick assessment of the diatom assemblage, it may not provide a 

clear image for specific identification of similar taxa or may miss small taxa altogether.  
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Additionally, name changes and phenotypic 

reorganisation of some taxa during this timeframe, 

may have resulted in some taxa being combined in 

the historical data (specific implications for this study 

discussed below).  

The diatom absence, presence and dominance (A, P, 

D) from upper sediment trap collections between 

2011 to 2016 and previously published live 

observation data (Lind, 1944, Belcher and Storey, 

1968, Reynolds, 1978, Reynolds and Bellinger, 1992, 

Carvalho, 1993, Moss et al., 2005), support the use 

of the sediment record at Rostherne Mere as a 

reliable inventory, with diatom preservation being 

good, at inter-annual scales of planktonic algal crops (as shown by Livingstone and 

Cambray, 1978), through the correlation in species peaks and troughs, enabling the 

analysis of the whole sediment core timeframe (~90 years; Appendix 3 Fig. 3.). 

Sedimentary diatom analysis from RMEK shows Aulacoseira spp. have dominated 

annual diatom crops over the last 25 years (predominantly Aulacoseira granulata 

Simonsen), and again in the 1960s (predominantly Aulacoseira subarctica Müller with 

some A. granulata), with only minor appearances at other times, while Asterionella 

formosa Hasall has been present throughout, but especially in the 1970s-80s 
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(Appendix 3 Fig. 3.). Stephanodiscus parvus Stoermer & Håkansson showed a 

gradual declining trend in dominance over the last 90 years, with a peak bloom in the 

early-1970s (Appendix 3 Fig. 3.). Stephanodiscus neoastraea Håkansson & Hickel 

increased in abundance during the height of eutrophication during the 1980s and 

1990s, with Stephanodiscus hantzschii Grunow increasing in abundance for a time in 

the late-1990s and early-2000s, following STW diversion as TP concentrations were 

falling (Appendix 3 Fig. 3.). Total diatom valve accumulation rate (DAR) shows an 

increasing trend from the 1930s to the 1970s similar to the trajectories of TP 

concentrations and OC burial (DAR ~4.1 to 6.7 ∙ 104 valves m-2 d-1, OC burial ~50 to 

110 g C m-2 yr-1; Appendix 3 Fig. 3.). However, as TP and OC burial continue to 

increase until post-STW diversion, total DAR declines slightly for a time during the 

1980s, before increasing to the highest levels in the late-1990s (DAR 1980s low ~5.5 

∙104 valves m-2 d-1, 1990s high 9.9 ∙104 valves m-2 d-1; Appendix 3 Fig. 3.). Following 

STW diversion in 1991, TP (from ~1993), OC burial (from ~late-1990s) and total 

diatom valves (from ~early-2000s) decline to present day (DAR ~6.4 ∙ 104 valves m-2 

d-1, OC burial ~110 g C m-2 yr-1; Appendix 3 Fig. 3.).  

The comparison of the core assemblage to historical observations of diatom 

populations present in the lake confirms the dating method used, with good agreement 

between scaled abundance from observations and core assemblages, especially 

when an increasing potential error for sediment age estimation in the sediment core 

samples is considered. These comparative data sets support the use of the sediment 

core to track whole-lake chronological changes in diatom species presence and 

abundance, and highlighted as a key methodological approach (Livingstone and 

Cambray, 1978, Battarbee et al., 2012). The only major difference between the 

sediment core and historical observations is evident for the S. parvus accumulations. 

However, its absence in the historical monitoring records may be explained by the 

seasonal sample timing of Reynolds and Bellinger (1992) who sampled from April 

each year potentially missing the early-spring bloom (~March; see chapter 5), or as a 

possible influence of the use of inverted microscopes making the smaller taxa difficult 

to identify. Therefore, at Rostherne Mere, the sediment archive can be used as a 

reliable record of past algal communities, in essence providing a continuous, high-

resolution monitoring history.  
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The total DAR increased with the early rise of eutrophication to the 1980s, declining 

as TP concentrations reached peak values, and increasing again following STW 

diversion with declining in-lake TP (Appendix 3 Fig. 3.). It is likely eutrophication also 

affected silica dynamics in the lake, with increased P loading allowing greater 

utilisation of available Si by diatom crops from the 1930s, which then declined (in the 

1970s-80s) as (given similar catchment input) more Si was permanently buried in 

sediments than was recycled from lake sediments. Other algae without the 

physiological need for Si could then outcompete diatoms, such as cyanobacteria, as 

has been found in other UK lakes (Battarbee, 1977, Anderson, 1990). The dip in DAR 

at Rostherne Mere in the 1970s-1980s, the time of peak TP concentrations, during a 

continued rise in OC burial rate, suggests a greater Si utilisation and thus limitation 

impacted the diatom crop during this time with increasing net primary production 

sustained by other algae (Appendix 3 Fig. 3.). Light limitation may also have played a 

part, with the peak in cyanobacterial blooms during this period (Reynolds and 

Bellinger, 1992). 

The most abundant diatom species present in the RMEK sediment core exhibited the 

increasing eutrophication and recovery (oligotrophication) trajectories at Rostherne 

Mere over the last 90 years (Appendix 3 Fig. 3.), while the high-resolution sediment 

trap provided a detailed insight into the seasonal progression of the taxa present. 

Combination of these limnological and paleolimnological techniques provides an 

important insight into the ecological change that has taken place (Battarbee et al., 

Appendix 3 figure 3. (Previous page) Diatom assemblages over the last 90 

years. Diatom species accumulation rates (103 valves m-2 d-1) in a 210Pb-dated 

sediment core (solid black line) taken in 2016 (RMEK), including total diatom valve 

accumulation rate (104 valves m-2 d-1), annual average TP from historical 

observation records (µg TP L-1), and OC burial rate in the RM_LIV_2011 sediment 

core (g C m-2 yr-1; taken from chapter 3). Total diatom valves, total phosphorus 

and organic carbon burial data includes a loess smoother line for easy 

comparison. Confirmation of core reliability through comparison to absent (A), 

present (P) and dominant (D) records in the sediment traps (2011-2016) and 

published observation data (Lind, 1944, Belcher and Storey, 1968, Reynolds and 

Bellinger, 1992, Moss et al., 2005), with times of no observational record shaded 

in grey.  
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2012). Early signs of the increasingly eutrophic conditions are evident from the 1960s 

(Appendix 3 Fig. 3.), with greater accumulations of A. formosa being able to make use 

of the abundant spring Si and P availability (Maberly et al., 1994) and the A. subarctica 

peak in the 1960s a feature of early eutrophication seen in other lake systems (Sabater 

and Haworth, 1995, Gibson et al., 2002, Kirilova et al., 2010). A. subarctica showed 

two other peaks in the sedimentary record, all during times of similar TP 

concentrations either side of peak P concentrations (1966 TP = 227 µg L-1; 1994 TP 

= 230 µg L-1; 2006 TP = 170 µg L-1), yet was largely absent at other times, with 

preferential growth of A. granulata. Furthermore, the reduced DAR at the height of TP 

concentrations in the 1980s suggested above to be as an influence of limited Si 

availability, is here supported by the increasing accumulations of S. neoastraea at that 

time, because the larger cell size of the taxon requires a greater Si utilisation (Jewson, 

1992), removing Si available for other taxa, reducing the total DAR. 

Towards maximum TP concentrations in the 1980s Stephanodiscus spp. began to 

increase in accumulation rate (Appendix 3 Fig. 3.), with S. neoastraea increasing in 

prominence and S. hantzschii prevalent shortly after STW diversion, while in-lake 

nutrient concentrations were still very high, as has been seen in other impacted lake 

systems (Kilham and Kilham, 1990, Dong et al., 2008). The autumnal bloom of A. 

granulata became more abundant following nutrient recovery, as Si availability 

increased in relation to the seasonal reduction of P, becoming more dominant to 

present, yet with a large seasonal variation linked to their sensitivity to light and 

turbulence (Gomez et al., 1995).  

The presence of S. parvus in the sedimentary record at Rostherne Mere is particularly 

interesting. In other similar lakes that have undergone eutrophication, such as 

Windermere and Baldeggersee (Sabater and Haworth, 1995, Lotter, 1998), there is 

usually a peak S. parvus accumulation at the highest P values. However, in this study, 

S. parvus shows a declining accumulation trend throughout the sediment record, 

despite the continued dominant seasonal peak in early spring evident in recent 

sediment trap collections. The reasons for the decline could be as an influence of 

changing climatic conditions limiting the growth period for S. parvus as it is out 

competed by other taxa (e.g. S. neoastraea, A. formosa) or a changing nutrient 

availability (i.e. Si and P) at this time of the year due to changes in other algal uptake 

during other times of the year (e.g. increasing A. granulata in autumn).    


